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1. INTRODUCTION  

Soil as a natural body occupies a specific place among the elements of geo-
graphical environment, which sustains all animated nature. It is a place of accu-
mulated mineral elements and mediator of their absorption by plants. This media-
tion is a result of the soil agrophysical status, which determines the availability of 
water, oxygen and nutrients to plants. Air conditions influence the chemical status 
of macro- and microelements and decide the degree of their availability to plants 
and their migration down the soil profile. This indirect effects of soil aeration are 
characterized by the redox potential. 

The objective of the study was to: 1) investigate nitrogen transformation and 
redox potential changes in organic soil covered with different plants and irrigated 
with municipal waste waters; 2) verify the possibility of using such organic soil 
and plants as a method of waste water treatment under the conditions of the „Ha-
jdów” experimental object. 

2. WASTE WATERS  

Water plays a very special role in the mutually related processes that take 
place in ecosystems, constituting a fundamental, necessary for their functioning, 
abiotic element of the environment. At the same time it is a highly valuable and 
renewable raw material, whose resources are variable in time, that performs mul-
tiple and fundamental functions in economic activity.  

These extraordinary functions of water mean that not only is it absolutely nec-
essary to protect it from contamination, but also to observe the requirements of 
rational and economy oriented management of its resources. The qualitative and 
quantitative protection of water resources is therefore an integral element of envi-
ronmental protection.  

The problem of contamination of water is a global one, as most of the major 
rivers flow through the territories of many countries.  

The gigantic influence of human activity on river ecosystems accounting for the 
construction of an enormous number of dams and reservoirs, changing of hydro-
logical regime of water bodies; pollution of rivers and lakes from point and diffu-
sion sources, as well as resulting from trans-boundary transfers of pollutants with 
air currents; direct withdrawal of water from water bodies for irrigation, water sup-
ply of industry and population. All of these influence the water, thermal, hydro-
chemical and ice regimes and, also, the flow of sediments leading to partial or total 
changing of flora and fauna of river ecosystems. The violations reached their apo-
gee at the end of the 20th century (Fashchevsky and Fashchevskaya, 2003).  
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A serious threat to the aquatic environment is presented by unpurified indus-
trial wastes. Poland contributes to a significant extent to the pollution of the Baltic 
with nitrogen compounds and with other macro- and micro-elements. Lublin also 
has its participation in the load of pollutants introduced into the surface waters 
and into the Baltic (Report WIOS, 1997). 

Poland’s entry into the structures of the European Union imposes on us an ob-
ligation to drain liquid wastes to waters and to the ground in accordance with EU 
Standards, i.e. in the case of nitrogen 15 g·N·m-3, while the equivalent Polish 
standard currently in force provides for a limit of 30 g·N·m-3. 

Liquid wastes drainage into the ground is the oldest form of their disposal. It 
is the most natural method, as the substances return to where they have been pro-
duced and, moreover, this closes the cycle of the circulation of mater. The devel-
opment of technology and civilization, however, disrupted that circulation and its 
recreation is difficult and in many places even impossible.  

The choice of a suitable receptacle for liquid wastes depends on the characteris-
tics of the area and on the amount and quality of wastes to be disposed of.  

Municipal sewage drainage to the ground and its agricultural utilization pro-
vides an alternative solution to the problem of protection of water reservoirs.  

3. NITROGEN AND ITS IMPORTANCE  

Together with carbon, oxygen and hydrogen, nitrogen is one of the four most 
common elements in living cells and an essential constituent of proteins and nu-
cleic acids, the two groups of substances, which can be said to support life. Yet 
the element is not particularly common on Earth, with the exception of the atmos-
phere which contains almost 80% nitrogen. The estimated 11 000 to 14 000 tera-
grams (1012) of nitrogen contained in living biomass (mainly terrestrial plants) is 
equivalent to about three parts per million of the atmospheric nitrogen. Other im-
portant nitrogen pools are soil organic matter, rocks (in fact the largest single po-
ol), sediments, coal deposits, organic matter in ocean water, and nitrate in ocean 
water. The next most common gaseous form of nitrogen in the atmosphere after 
molecular nitrogen is dinitrogen oxide (Tamm, 1991). 

The N atom exists in different oxidation and physical states. Shifts between 
them are commonly mediated by soil organisms. The ease with which shifts occur 
in the oxidation states results in the formation of different inorganic forms that are 
readily lost from the ecosystem. The NO3

- form is readily soluble in water and 
thus subject to leaching and water transport. The NH4

+-NH3 forms are subject to 
volatilisation and fixation both by clays and by soil organic mater (SOM). Nitro-
gen shortages, therefore, often limit plant productivity. Also, both the gaseous and 
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the soluble phases of this nutrient lead to environmental pollution (Paul and 
Clark 1996). 

The size of pools does not indicate anything about the dynamics of annual 
global fluxes of nitrogen between the more important pools. 

3.1. Nitrogen in soil 

As in plants, nitrogen in soil occurs both in organic and inorganic forms. Or-
ganic nitrogen is in reduced form, some of it as amide nitrogen, relatively easily 
available to decomposer organisms unless protected mechanically or chemically. 
Another part of soil organic nitrogen occurs as a constituent of large and often 
resistant molecules with nitrogen in heterocyclic aromatic rings (Tamm, 1991). 

Inorganic nitrogen is usually fully reduced, ammonium, or fully oxidized, ni-
trate. Intermediary oxidation stages also exist but do not accumulate in measur-
able amounts, except for nitrite under special circumstances. There are transfers 
not only between the various soil nitrogen pools, but also between the soil pools 
and gaseous phase, where nitrogen compounds at different oxidation levels also 
occur (NH3, N2, N2O, NO) (Tamm, 1991). 

Only a small part of nitrogen store in the soil is available to plant roots at any 
given moment. Most is in organic form, usually in large molecules insoluble in 
water. Organic nitrogen in natural ecosystems originates from dead organisms, 
plants, and microorganisms. Much of the nitrogen in fresh litter is still in protein 
form or in decomposition products of proteins, i.e., peptides and amino acids. 
These substances are attractive substrates for microorganisms, which often can be 
used as a source of carbon as well as of nitrogen. Their residence time in the soil 
is short, unless association with less attractive substances in, e.g., cell walls pro-
tects them mechanically or chemically (Tamm, 1991).  

The decomposition of litter does not mean that litter nitrogen is immediately 
transferred to inorganic nitrogen or transformed into the limited number of low-
molecular organic compounds in which it may be available to plant roots and my-
corrhizal fungi. Microorganisms do the chemical degradation of the litter, and 
even if they may produce extracellular enzymes, most take the nitrogen up them-
selves. The rate at which the microbial nitrogen is transferred to the available pool 
depends on the C/N ratio of the substrate and on the death rate the microorgan-
isms (Tamm, 1991).  

As far as nitrogen is concerned, the end product of the decomposition process 
as such is ammonium ions. Ammonium ions in water solutions are in equilibrium 
with undissociated ammonia molecules, but the amounts of ammonia are negligi-
ble until pH rises above seven. In such cases some ammonia may well be emitted 
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to the atmosphere. In dense vegetation, e.g., under a forest canopy, much of that 
ammonia may be reabsorbed by the foliage and thus retained within the ecosys-
tem (Tamm, 1991). 

The normal case, however, is that most of the ammonium liberated stays in 
the ecosystem, although rapidly removed from the soil solution along one of the 
following pathways: 1) uptake by plant roots (directly or via mycorrhizal hyphae), 
2) uptake by microorganisms, 3) adsorption on the surface of soil colloids (in 
clay-rich soils partly followed by ammonium fixation in the lattice of certain clay 
minerals), and 4) chemical binding to organic substances. Any ammonium ions 
left in the soil solution may leave the soil with percolating water, but this is sel-
dom an important pathway in natural ecosystems (Tamm, 1991). 

Adsorption of ammonium ions to soil colloids is a removal from the pool of 
dissolved nutrients, but does not make them unavailable for plants; when roots or 
mycorrhizal hyphae deplete the soil solution of ammonium ions, such adsorbed 
ions go into solution again according to well-known chemical principles. How-
ever, ion transport by diffusion is a slow process. So unless there is a mass flow 
of soil water, roots and hyphae have to grow close to the sites of adsorption. The 
energy cost for uptake from a soil increases in comparison with that from a nutri-
ent solution. Lattice-fixed ammonium ions can also be redissolved, but this is a 
slow process of limited ecological importance under normal conditions and time 
perspectives (seasons, years, even decades) (Tamm, 1991). 

4. NITROGEN TRANSFORMATION 

Nitrogen, like other elements, is subject to cyclic circulation in nature. In the 
course of a full year, nitrogen fluxes and losses occur in the soil, accompanied by 
numerous and complex transformations, such as: ammonification, nitrification 
assimilatory and dissimilatory nitrate reduction. 

4.1. Mineralization of nitrogen (Ammonification) 

The three biological forms of N proteins are microbial cell wall constituents 
such as chitin and peptidoglycans, and the nucleic acids. Protein is a basic con-
stituent of all life forms. During decomposition, it is hydrolysed to peptides by 
proteinases and peptidases. The proteinases are classified as to whether they at-
tack peptide linkages between specific amino acids. The reaction mechanism is 
the reverse of that used in the formation of peptide bonds. The N group receives a 
proton (H+), and the C atom of the linkage receives an OH- during the nucleo-
philic displacement reaction (Paul and Clark 1996).  
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Mineralization of organic N refers to the degradation of proteins, amino sug-
ars, and nucleic acids to NH4

+, the mineral form. When deamination occurs, re-
moval of NH4

+ is most often carried out by enzymes such as glutamate dehydro-
genase, which requires the coenzyme nicotine adenine dinucleotide (NADH) as 
acceptor of the reducing equivalents (Paul and Clark 1996). 

Whether NH4
+ is immobilized or accumulates in the soil depends on the microor-

gamism’s requirement of N for growth. The C:N ratio of microorganisms is not con-
stant. Fungi can have wide C:N ratios; their C contents are quite constant at approxi-
mately 45% C. With N contents of 3 to 10%, their C:N ratios range from 15:1 to 
4.5:1. Bacteria have N in their cytoplasm and in the peptidoglycan of their cell walls: 
C:N ratios usually are in the range of 3:1 to 5:1 (Paul and Clark 1996). 

4.2.  Nitrification 

Nitrification is an aerobic process, performed both by autotrophs and hetero-
trophs in soils.  

Autotrophic nitrification is defined as the biological oxidation of NH4
+ to 

NO2
- and NO3

- in a two step reaction as presented in the following equations 
where Nitrosomonas performs the first energy yielding reaction: 

NH4+ + 1.5 O2 → NO2- + 2H+ + H2O + energy 

and Nitrobacter the second energy yielding reaction: 

NO2
- + 0.5 O2 → NO3

- + energy 

The chemoautotrophic nitrifiers are generally aerobes that derive their C 
largely from CO2 or carbonates but NH4

+ can originate from mineralization of soil 
organic material by other organisms or from fertilizer. All organisms in this fam-
ily are capable of obtaining all their energy requirements for growth from oxida-
tion of either ammonium or nitrite (Belser 1979). 

The bacteria are classified based on whether they oxidize NH4
+ to NO2

- (Ni-
troso-) or NO2

- to NO3
- (Nitro-). In most habitats they are closely associated and 

NO2
- rarely accumulates (Paul and Clark 1996). 
Nitrification has been typically associated with chemoautotrophic bacteria, al-

though it is now recognized that heterotrophic nitrification occurs in some soils too 
acid for known autotrophic nitrifiers, or lacking them for other reasons, and can be of 
significance especially in forest soils. It has been shown that nitrate formation may 
continue in the presence of inhibitors known to stop autotrophic nitrification (Kreit-
inger et al. 1985). This indicates the occurrence of so-called heterotrophic nitrifica-
tion, mediated by certain fungi (Focht and Verstraete 1977) or by methylotroph bac-
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teria (Verstraete 1981). It is clear that heterotrophic nitrifiers form nitrate at a much 
slower rate than autotrophic nitrifiers (with the same biomass). However, a slow rate 
may be compensated for by a high biomass (Tamm, 1991). 

Heterotrophic organisms use organic substances as both a carbon and an en-
ergy source. They can obtain part of energy from oxidation of NH4

+ or organic 
nitrogen compounds. Fungi are apparently the most important of these. Different 
pathways have been postulated, but their role in fungal metabolism is largely un-
known (Killman 1986): 

inorganic: NH4
+ → NH2OH → NOH → NO2

- → NO3
- 

organic: RNH2 → RNHOH → RNO → RNO2 → NO3
- 

The rate of nitrification in a soil is affected directly and indirectly by many 
factors, such as temperature, moisture, C/N ratio, occurrence of inhibitors of the 
process itself, or of organic matter decomposition. Yet a prime prerequisite for 
nitrification is access to ammonium ions in the soil or, for some heterotrophic ni-
trifiers, easily available amino compounds. It was mentioned earlier that plant 
roots promptly absorb ammonium ions (as well as nitrate ions), while many mi-
croorganisms prefer the ammonium form. Some fungi cannot even use nitrate ni-
trogen. Concentration of ammonium ions high enough to support an active popu-
lation of bacteria using oxidation of ammonium to nitrite as their sole source of 
energy (e.g., the genus Nitrosomonas) only occurs when the competition for ni-
trogen is low or moderate, i.e., when ammonia influx to the soil compartment (by 
ammonification or as input from outside) temporarily or permanently exceeds 
biological uptake (Tamm, 1991). 

The heterogeneity of a soil means that there may be a large variation in many 
soil properties, including acidity, between microsites. pH is an important control-
ling factor, not only for the occurrence of nitrification, but also for any by-
products that may be formed. As Nitrobacter seems to require somewhat higher 
pH than Nitrosomonas, some accumulation of nitrite may occur under certain cir-
cumstances. Gaseous products may also be formed, at different rates under differ-
ent conditions (Tamm, 1991). 

It remains to be stated that nitrification is an acidifying process. Under undis-
turbed conditions, when the nitrate formed is rapidly taken up by roots and re-
duced back to ammonium and other reduced forms, there is no net acidification 
(Tamm, 1991). 

Nitrite accumulates only under conditions where Nitrobacter appears to be in-
hibited while Nitrosomonas is not. Typically these conditions are high pH (7.5) 
and very cold temperatures (Smith and Chalk, 1980; Bouwman, 1990b). 
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Although nitrification is understood to be an aerobic process, there is strong 
evidence that it can also occur under anaerobic conditions. Nitrifying bacteria 
have been shown to produce NO and N2O, the intermediates in autotrophic nitrifi-
cation showing the possible sites for gaseous losses during this process (Paul and 
Clark 1996). 

Nitrification is often considered to be the dominant source of N2O in "aero-
bic" soils (Bremner and Blackmer, 1978; Sahrawat and Keeney, 1986). 

4.3. Assimilatory reduction of nitrate 

Soil fixed nitrogen resources may be conserved through both assimilatory and 
dissimilatory nitrate reductive processes, or they are reduced by dissimilatory re-
duction. Assimilatory and dissimilatory nitrate reduction both involve the transfer 
of electrons to nitrogen compounds, but they differ in the ultimate fate of the re-
duced nitrogen atom.  

In the absence of NH4
+ and organic-N and under conditions where only NO3

- 
is available, bacteria, fungi, yeast and algae have first to reduce the NO3

- (Freney 
et al., 1979). This process is less O2 sensitive than denitrification and therefore 
would be expected to occur under aerobic conditions (Payne, 1981; Mosier et al., 
1983). The aerobic assimilation of nitrate or assimilatory nitrate reduction is the 
process of NO3

--N incorporation into biomass (Mosier et al., 1983). Some micro-
organisms reduce NO3

- to NH4
+. They use the N in the production of biomass (as-

similatory reduction), but the process can also serve other purposes (dissimilatory 
reduction) e.g. as a source of energy or for detoxification of NO2

-. N2O can escape 
during these processes (Scott Smith and Zimmerman 1981; Kaplan and Wofsy 
1985; Cole 1988; Tiedje 1988). 

 
[ ] [ ] 32

2

22223 NHOHNH

ON

ONHNONO →→
↓

→→ −−

 

 
In nitrate assimilation, the first step is the reduction to nitrite, which is ac-

complished by the enzyme nitrate reductase. Subsequently, the nitrite is reduced 
to hydroxylamine by the enzyme nitrite reductase to finally be reduced to ammo-
nia (Payne 1973). The net reaction is shown in the following equation: 
where N2O rather than N2 may be produced as a by-product from the indicated 
intermediate (hyponitrite) (Freney et al., 1979). The reaction shown is essentially 
the same as that which occurs during NO3

- reduction to NH4
+ and involves the 
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same precursor of N2O again, probably hyponitrite (Freney et al., 1979; Mosier et 
al., 1983). This pathway as a nitrous oxide source seems to be significant from 
studies on forest soils where fungal activity is important. 

Some of the studied nitrate reductases show the existence of an active form 
and an inactive form that depends on the oxireduction conditions of the environ-
ment (Stouthamer 1976). Under reducing conditions, the enzyme is converted into 
the inactive form. The regulation of the synthesis of the enzyme varies in different 
species, being constitutive in several species and repressible in others. In Rhizo-
bium japonicum, for instance, the assimilatory enzyme is induced in aerobiosis 
and in the presence of nitrate; meanwhile in anaerobiosis, a dissimilatory nitrate 
reductase is induced (Daniel and Grey 1976). Both enzymes have different mo-
lecular weights and different sensitivity to inhibitors (Stouthamer 1976). 

4.4. Dissimilatory reduction of nitrate 

Dissimilatory reduction is the process through which some microorganisms 
use the energy generated by the electron transport from an organic or inorganic 
source to nitrate or to a more reduced nitrogen oxide. This metabolic reduction 
uses cytochromes mostly as electron donors and occurs with a liberation of dini-
trogen as the final product. However, some bacteria lack N2O reductase, and so 
produce this gas as a terminal product, or lack nitrite reductase, yielding nitrite as 
an end product (Ingraham, 1981). 

When the dissimilative reduction produces the gaseous dinitrogen or nitrous 
oxide compounds, the process is termed denitrification. However, since reduc-
tion, through the metabolic pathway of cytochromes, in some case results in the 
production of ammonia or nitrite, some authors prefer the more general name of 
nitrate respiration for the process. In other cases, the metabolic pathways do not 
involve membrane-bound enzymes, cytochromes, or electron transport phos-
phorylations, and the main product is ammonia. This process is called fermenta-
tive nitrate reduction. (Fenchel and Blackburn, 1997). 

In contrast to assimilatory reduction (nitrogenous compound is incorporated into 
cellular biomass) for dissimilatory nitrate reduction, the nitrogenous compounds ac-
cept electrons in support of cellular respiration. The final products, dinitrogen, nitrous 
oxide, or ammonium, are released from the cell and accumulate in the environment in 
concentrations far beyond that necessary for biomass synthesis. Three commonly 
evaluated microbial processes are classed under the title of dissimilatory nitrate reduc-
tion. These processes can be distinguished by their respective products: a) nitrite, b) 
ammonium, and c) nitrous oxide and dinitrogen – denitrification. 

Biological denitrification is the last step in the N-cycle, where N is returned to 
the atmospheric pool of N2. It is an anaerobic process (Granli and Bøkman, 1994). 



 
 
 

13 

Biological denitrification is a respiratory process in which N-oxides (electron ac-
ceptors) are enzymatically reduced under anaerobic conditions to nitrous oxide and 
dinitrogen for ATP production by organisms that normally use O2 for respiration. 
Most denitrifying organisms are heterotrophic. However, heterotrophic denitrification 
is one of the most important processes as a source for N2O. Nitrous oxides are well 
documented gaseous products of the heterotrophic denitrifiers (Abou-Seada and Ot-
tow 1985; Myrold and Tiedje 1985; Benckiser and Simarmata 1994) 

The process of denitrification (including rhizobial denitrification) can be pre-
sented as follows (Firestone and Davidson, 1989): 

 

[ ] 2
reductase oxide nitrous

2
reductase oxide nitricreductase nitrite

2
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3 N

0
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Nitric oxide (NO) is believed to be either a true intermediate or rapid ex-

change with an unidentified intermediate (X). 
Many microorganisms can use NO3

- as their primary electron acceptor for ob-
taining energy from organic compounds when low O2 availability restricts their 
metabolism (Granli and Bøckman 1994):  

5(CH2O) + 4NO3
- + 4H+ → 5CO2 + 7H2O + 2N2 + energy 

Some microorganisms can obtain energy by using NO3
- for oxidation of inorganic 

compounds, e.g. S2-, Fe2+ (autotrophic denitrification). This occurs where NO3
- dif-

fuses into zones rich in FeS, e.g. sediments in shallow waters (Golterman 1991). 
The majority of soil bacteria seem able to denitrify (Umarov 1990). The com-

plete reduction of nitrate proceeds via nitrite, nitric oxide, and nitrous oxide, but 
not all denitrifiers can carry out the complete reduction from nitrate to N2. Deni-
trifying bacteria exhibit a variety of incomplete reduction pathways. The enzymes 
most commonly missing are nitrate reductase or nitrous oxide reductase; some 
bacteria produce only N2, while others give a mixture of N2O and N2, and some 
only N2O (Stouthamer 1988, Robertson and Kuenen, 1991).  

The nitrate reductase of the dissimilatory reduction is a molybdo-iron sul-
fide protein, but different from the assimilatory enzyme (Ruiz-Harrera and 
DeMoss 1969, Ruiz-Harrera et al. 1969). Nitrtate reductase has been found to be 
a membrane-bound enzyme except in Spirillum iteronii where it is found as a 
soluble enzyme (Gauthier et al. 1970). 



14 

The nitrite reductase is the key enzyme that drives the NO2
- ion toward the 

synthesis of the gases and NO in contrast with the more economic pathway of 
ammonia synthesis. 

The nitrous oxide reductase is possibly a Cu protein and closes up the recy-
cle of nitrogen by releasing dinitrogen back to the atmosphere (Knowles, 1982). 
Thus, the function of this enzyme is essential and prevents N2O from being re-
leased into the atmosphere, avoiding the photochemical production of NO; this 
gas is supposed to be responsible for destroying the atmospheric ozone (Delwiche 
and Bryan; 1976). 

Some denitrifiers lack the ability to catalyze the last step from N2O to N2 
(Tiedje, 1988).  

There has been some doubt if NO is a true intermediate or a by-product 
(Amundson and Davidson 1990) in the process, but a bacterial nitric oxide reduc-
tase has recently been characterized: Pseudomonas stutzeri loses the ability to de-
nitrify if the genes for this enzyme are blocked (Braun and Zumft 1991).  

That N2O is an obligatory intermediate in denitrification is widely accepted 
(Payne 1981; Zumft and Kroneck 1990).  

N2O is reduced to N2 by the labile enzyme nitrous oxide reductase 
(Stouthamer 1988). The reduction can also be carried out by the even more labile 
enzyme nitrogenase (the enzyme that reduce N2 to NH3).  

Apart from free living denitrifiers such as Pseudomonas ssp., Rhizobium ssp. 
which live in a symbiotic relationship with leguminous plants, have the ability to 
denitrify. This later process is referred to as rhizobial denitrification (O'Hara and 
Daniel, 1985). 

The denitrification process may be performed by N2-fixers, specifically by 
Azospirillum, and by Rhodopseudomonas (Aleem 1985, Casella et al. 1984). These 
species are capable of using nitrtate as an electron acceptor, an alternative to oxy-
gen, for generating ATP for nitrogenase activity. Studies with stable isotopes 
showed that Rhodopseudomonas spheroides, strain IL-106, did not directly assimi-
late nitrate into cell nitrogen, but rather denitrified nitrate to dinitrogen gas which 
was reutilized via nitrogenase as a source of ammonia for its assimilation (Nicholas 
1985). Rhizobium japomicum and cowpea strains exhibit substantial rates of denitri-
fication as either free-living or bacteroid cells. R. triflii, R. leguminosarum and R. 
hedysarum were able to use nitrate as an electron acceptor, liberating N2O gas. This 
liberation was inhibited in the absence of nitrate by aerobiosis or when rich media 
were used. Similar studies were carried out with nodulated plants, with the afore-
mentioned fast-growing rhizobia, showing that Rhizobium is an active denitrifier in 
symbiosis as well as in the free- living state (Casella et al. 1984). Denitrification is 
usually thought of as a bacterial process, but Shoun et al. (1992) reported that many 
fungi are capable of evolving N2O under anaerobic conditions. 
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Some researchers have suggested that soil microbial population dynamics 
may be a more important factor than soil physical and soil chemical factors in ex-
plaining the characteristics of nitrous oxide production from soil (Abou Seada and 
Ottow, 1985; Schmidt et al., 1988; Granli and Bøckmen, 1994).  

The influence of aeration on N2O emission is complex and dependent on in-
teracting factors. N2O production and emission is usually greatest when the aver-
age soil conditions are such that both aerobic and anaerobic sites are abundant. 
This has been found in several laboratory studies (Focht, 1974). 

5. SOME PHYSICAL AND CHEMICAL FACTORS INFLUENCING 
MICROBIOLOGICAL PROCESSES IN SOILS AND SEDIMENTS 

5.1. Aeration and moisture status 

The intensity of biological processes of oxygen absorption and carbon dioxide 
emission in the soil environment as well as the physical processes of gas exchange 
between the soil and the atmosphere determine the state of soil aeration. The 
movement of gases in the soil directly depends on the diffusion coefficient, deter-
mined by the number, tortuosity and continuity of the pores filled with air, and indi-
rectly on the bulk density (porosity) of the soil, the distribution function of the soil 
pores, and the amount of soil watering (Witkowska-Walczak et al., 2002; . Sławiński 
et al., 2000; Stepniewska, 1988; Gliński and Stępniewski, 1985; Hillel, 1998; Gliń-
ski et al., 2000a,b; Stepniewska, et al., 2000; Stępniewski et al., 2000). 

Soil is heterogeneous and commonly has both aerobic and anaerobic sites. 
The oxygen status in soil, which is inversely proportional to the amount of mois-
ture held there, appears in many studies to be one of the key factors influencing 
its aeration status. As the free oxygen in soil is depleted, a number of predictable 
changes in microbial activity occur. When the soil oxygen tension has been re-
duced to less than 1 percent (v/v), the microbial population appears to shift from 
being predominantly aerobic to anaerobic.  

With the development of reducing atmosphere, growth yields decline because 
the energy yielded per mole of fixed carbon oxidized anaerobically is far less than 
that produced from aerobic respiration. The inverse relationship between the rate 
of denitrification and O2 concentration has been demonstrated in many studies 
(Focht, 1974; Betlach and Tiedje, 1981; Burton and Beauchamp, 1985). 

Similar results were obtained by Parkin and Tiedje (1984). Denitrification 
rates in their soil cores remained low, less than 2% of anaerobic rate, as long as 
O2 concentration in the gas was greater than 3%. At lower O2 concentrations the 
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rates increased, and rapidly approached anaerobic rates when the O2 concentration 
decreased below 0.5%. 

The inverse relationship between denitrification rate and O2 concentration is 
more pronounced at high (34.5oC), rather than at low (19oC), temperature (Focht 
and Verstraete, 1977) 

In aerobic soils denitrification can occur in anaerobic microsites such as in the 
center of aggregates (Parkin, 1987; Horn, 1994) or in areas of localized high 
oxygen consumption ("hot spots") which can be associated with the breakdown of 
particulate organic material (Parkin, 1987). Furthermore, some groups of denitri-
fiers are able to use simultaneously both oxygen and nitrate or nitrite as electron 
acceptor. Therefore, denitrification by those organisms can occur under aerobic 
conditions. "Aerobic denitrification" can occur in the presence of significant 
amounts of oxygen. Those denitrifiers are able to simultaneously utilize oxygen 
and nitrate or nitrite, even when the dissolved oxygen concentration approaches 
air saturation. An explanation for the usage of both acceptors might be the pres-
ence a rate-limiting step in the transfer of electrons from its substrate to oxygen. 
The provision of a second electron acceptor, in this case nitrate, would allow it to 
use an additional branch in the electron transport chain (Robertson and Kuenen, 
1990; Robertson and Kuenen, 1991; Zumft and Kroneck, 1990). In anaerobic res-
pirometry experiments, it was observed that aerobically grown Thiobacillus pan-
totropha began to denitrify immediately when it was supplied with substrate and 
nitrate. Similarly grown cultures of the other strains required 2 to 4h to induce 
their denitrifying enzymes (Robertson and Kuenen, 1984b). Oxygen and nitrate 
electrodes were used to monitor the activity of these cultures, and simultaneous 
nitrate and oxygen removal in T. pantotropha suspension was clearly observed 
(Robertson et al., 1986). When grown in batch cultures with acetate as the sub-
strate, T. pantotropha cultures provided with both oxygen (at a dissolved oxygen 
concentration of 80% air saturation) and nitrate grew more rapidly than similar 
cultures which had only one electron acceptor (Robertson and Kuenen, 1984b). 

The presence of anaerobic microsites, particularly within heavy textured clay 
soils, where gaseous diffusion is slowed or restricted is observed. Nitrous oxide 
emissions are often high from these soils, especially those with a large proportion 
of anaerobic microsites (Burford et al., 1981; McKenney et al., 1980a). Such mi-
crosites exist where root or soil respiration rates exceed the capacity of the soil to 
allow adequate gaseous diffusion to or from the microsites.  

The role of O2 diffusion in soil for denitrification was described in the model 
of Smith (1980). This model calculates concentrations in soil and describes how 
O2 diffuses down the profile and into aggregates, and the fraction of the soil vol-
ume that is anaerobic. The diffusion of O2 into aggregates rather than down the 
soil profile appears to be the main rate-determining step for denitrification in this 
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model. Diffusion of NO3
- from aerobic to anaerobic sites with subsequent reduc-

tion in the latter may also occur.  
In aerobic soil, denitrification and autotrophic nitrification, each with its asso-

ciated N2O production, may occur simultaneously at spatially distinct microsites 
(Bouwman, 1990b). Highest N2O fluxes are expected under microaerophilic con-
ditions in soil where N2O reduction to N2 during denitrification is inhibited by O2 
gas and where nitrifiers are sufficiently limited in O2 gas supply to also form N2O 
(Klemedtsson et al., 1988b). 

After a heavy rainfall, with the presence of nitrate and suitable carbon 
sources, significant losses of fixed nitrogen from soil can result from the induc-
tion of denitrifiers. In soils and waste water, even if well aerated, anaerobic en-
ergy-conserving processes can occur inside aggregates and sewage flocculates in 
the sequence NO3

-, MnO2 and Fe2O3 respiration followed by SO4
2- and CO2 re-

duction (Ottow and Glathe 1973).  
Soil water content is a major factor determining the rate of denitrification 

(Grundman and Rolston 1987; Myrold 1988). Highest emissions are often corre-
lated with very wet soil conditions (Dowdell and Smith, 1974; Benckiser et al. 
1986; Mosier et al. 1986; Anderson and Levine, 1987; Murakami and Kumazowa 
1987; Mancino et al. 1988; Malhi et al. 1990; K.A. Smith and Arah 1990; Par-
sons et al. 1991; Groffman and Tiedje 1991; Weier et al. 1993). Such findings 
reflect the fact that denitrification is an anaerobic process. Increasing denitrifica-
tion rate with increasing soil water content seems most marked above about 60% 
WFPS (water-filled pore space) (Terry et al. 1981b; Linn and Doran 1984; Au-
lakh et al. 1984a; Mulvaney and Kurtz 1984; Heinemeyer et al. 1988; Vinther 
1984; Nugroho and Kuwatsuka 1992a). 

Denitrification may cease if the soil remains wet for some time, and higher 
denitrification rates are observed where soils are going through wetting/drying 
cycles than where soil water content is constantly high (Mulvaney and Kurtz 
1984). Groffman and Tiedje (1988) showed that the rate of denitrification did not 
depend on water content in a simple manner. They dried intact soil cores and 
found that denitrification rates decreased markedly when water content declined 
from flooding to field capacity. With further drying the decline was less rapid. 
However, when water content was increased from dry conditions, the sharpest 
increase in rate of denitrification occurred at low water content. Others also found 
that denitrification rates depend on history of the sample (Galsworthy and Bur-
ford 1978; Letey et al. 1980a). 

The amount of nitrous oxide emitted via denitrification is related to the factors 
which influence the enzyme production for the several steps in the denitrification 
sequence. Low pH, high nitrate concentration, low moisture and low availability of 
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oxidisable organic material all tend to increase the nitrous oxide fraction in the de-
nitrification products (Arah and Smith, 1990b). At saturated moisture conditions or 
under strictly anaerobic conditions (e.g. poorly drained soils and in sediments) N2-
production is favored as the principal gaseous product (Mulvaney and Kurtz, 1984; 
Davidson et al., 1986). With an increase in aeration to an air-filled porosity of about 
10%, denitrification and hence the overall gas production (N2 plus N2O) declines 
but the mole fraction of N2O tends to increase (Letey et al. 1980b). 

Many studies showed that the reduction of N2O to N2 is more prone to inhibi-
tion by O2 than reduction of NO3

- to N2O, thus the N2O/N2 ratio decreases with de-
creasing O2 concentration. Thus, the presence of O2 reduces the activity and delays 
the synthesis of nitrous oxide reductase relative to nitrate reductase and nitrite re-
ductase, so that the N2O/N2 ratio increases with increasing O2 concentration (Focht 
1974; Smirnov et al. 1979; Firestone et al. 1980; Betlach and Tiedje 1981; Smith 
C.J. et al. 1983; Erich and Bekerie 1984; Tiedje 1988; Bonin et al. 1989; Massche-
leyn et al. 1993). The N2O/N2 ratio usually decreases with increasing soil water 
content and tends to be high when the denitrification rate is low (Murakami and 
Kumazowa 1987; Rolston et al. 1978; Rolston et al. 1982; Terry et al. 1981b; Aula-
kh et al. 1984b; Schuster and Conrad 1992; Weier et al. 1993).  

With increasing water content mineralization rate increases and nitrification 
increasingly produces N2O. Also, denitrification becomes significant with a high 
N2O/N2 ratio as O2 diffusion becomes impeded. At high soil water content gas 
diffusion is severely hindered, denitrification proceeds increasingly towards N2 
and N2O emission declines. Thus, soil water content where both denitrification 
and nitrification can proceed will generally give the maximum emission of N2O. 
The range of soil water content is normally 45 to 75% WFPS (Granli and Bøck-
man 1994), though Klemedtsson et al. (1988b) and Hansen et al. (1993) have in-
dicated a higher level. The maximum N2O emission for denitrifiers or nitrifiers is 
normally close to FC (field capacity) (Parton et al. 1988; Klemedtsson et al. 
1988b; Schuster and Conrad 1992; Davidson 1992). Most authors find a strong 
and positive correlation between N2O emission and soil water content when either 
denitrification (Heinemeyer et al. 1988; Davidson 1992) or nitrification (Kle-
medtsson et al. 1988b; Hutchinson and Brams 1992; Davidson et al. 1993) is the 
main N2O generating process. 

The relationship between soil moisture content and N2O emission rate is also 
often seen in field studies as an association between corresponding values of N2O 
emission and water content obtained over a period of time, e.g season or year, and 
over a wide range of water content levels (Folorunso and Rolston 1985; Duxbury 
and McConnaughey 1986; Parton et al. 1988; Skiba et al. 1992). This relationship 
is illustrated by Mosier et al. (1981) who found N2O emission from a native short 
grass steppe during a summer sampling period to be positively correlated with soil 
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water content in the upper 5 cm. Emissions were some 10-fold higher at 18 vol-% 
(36% WFPS) than at 10 vol-% (20% WFPS). Conrad et al. (1983) made similar 
observations at water contents of 10 to 20 weight-%. Maximal N2O fluxes from 
soils are reported shortly after irrigation or rainfall (Conrad et al. 1983; Cates and 
Keeney 1987b; Hao et al. 1988; Hansen et al. 1993). 

Davidson et al. (1993) studied N2O emission in a dry tropical forest. Emis-
sions were higher in the wet season than in the dry season, but addition of water 
to dry soil caused rapid formation of NH4

+ from mineralization and large pulses of 
N2O emission. 

Waterlogged conditions are mostly undesirable in agriculture, except for 
paddy rice. These fields usually emit only small amounts of N2O while flooded 
(Buresh and Austin, 1988). Mosier and Hutchinsen (1981) reported that an irri-
gated field of maize lost 59% of the seasons loss of N2O during the week follow-
ing the first irrigation, when restricted O2 diffusion favoured denitrification. 

The high rates of denitrification that occur when soils pass through wet-
ting/drying cycles also show up as high N2O emissions (Patten et al. 1980; 
Davidson 1992). When a soil is wetted sufficiently by rain or irrigation water to 
cause anoxic conditions and to initiate denitrification, N2O will be produced more 
rapidly than it is reduced. If the soil dries within 24 to 72 hours, insufficient time 
will have elapsed for the development of nitrous oxide reductase, thereby prevent-
ing N2O reduction to N2 (Letey et al. 1980b; Cates & Keeney 1987b)  

Several workers observed highest nitrous oxide fluxes from soil during fluctuat-
ing moisture conditions compared to either continuously well-aerated or continuous 
anaerobic conditions (Firestone and Tiedje, 1979; Smith and Tiedje, 1979).  

Firestone and Tiedje (1979) showed that after the onset of anaerobiosis essen-
tially three time periods could be distinguished based upon the response of the 
native microbial population. In the period from 16 to 33 hours following an-
aerobiosis, 40 to 90% of the gaseous denitrification product is evolved as N2O. 
Initially, NO3--reductase production is stimulated and enzyme is produced more 
rapidly than N2O-reductase. Thus, N2O accumulates and can be released into the 
atmosphere. The moisture conditions which seem to favour N2O production are, 
therefore, alternating wetting and drying cycles during which both autotrophic 
nitrification and denitrification are active but where there is not enough time for 
substantial levels of N2O-reducatse to form. The large pulses of N2O which typi-
cally follow rainfall or irrigation may exceed background levels by up to 3 orders 
of magnitude, especially after long periods of dryness (Conrad et al., 1983; Sher-
lock and Goh, 1983).  

During fluctuating soil moisture conditions, drying and rewetting cycles may 
enhance the availability of soil organic matter and this will also favour denitrifica-
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tion. Drying causes shrinkage and disruption of soil aggregates and exposes or-
ganic matter not previously accessible to microbial attack. In addition, death of 
part of the microbial biomass during drying releases additional available carbon. 
As a result, upon rewetting there is a characteristic flush of soil microbial activity 
(Patten et al., 1980).  

5.2. Nitrate concentration 

Nitrous oxide emission following nitrogenous fertilizer applications to soil 
tends to follow a similar pattern irrespective of the type or form of fertilizer used 
(Sahrawat and Keeney, 1986). Emission are characterized by a 'large' efflux of 
N2O following fertilizer application at rates which may be between 1 and 3 orders 
of magnitude higher than baseline levels. This period typically continues for 5 to 
8 weeks following the fertilizer application and is followed by declining rates of 
emission which gradually approach baseline levels. The dynamics of these post-
fertilization events parallel the presence of free NH4

+ and NO3
- within the soil 

which is directly accessible to the soil microorganisms. Some researches have 
found nitrous oxide emissions from soil were significantly higher after amend-
ments with nitrifiable-N sources compared to nitrite fertilizer application. This 
emphasizes that nitrification is an important process for nitrous oxide production 
under field conditions (Breitenbeck et al., 1980; Conrad et al., 1983). Indeed, 
comparisons of different fertilizer forms show, for the same application rate, that 
nitrous oxide emission is highest after application of anhydrous ammonia (Bre-
itenbeck and Bremner, 1986). 

Total denitrification fluxes (N2O plus N2) are directly proportional to soil 
NO3

- concentrations when the other important component, a readily metabolizable 
organic substrate, is also present and non rate-limiting. When a lack of metaboliz-
able organic matter limits potential denitrification, N2 plus N2O fluxes do not in-
crease with increasing NO3- concentration (Sahrawat and Keeney, 1986). 

Large emission of N2O requires that soil inorganic N and organic C supply is 
adequate (Mosier and Hutchinsen 1981; Ryden 1983; Ryden and Lund 1980b; 
Freney et al. 1985; Li et al. 1992a,b). 

Freney et al. (1985) found that emissions increased by 1 to 2 orders of magni-
tude following heavy irrigation of a field cropped with sunflower and fertilized 
with urea. Most of the urea had been converted to NO3

- at the time of the emission 
measurements.  

High emissions associated with rainfall/irrigation are favoured when fertilizer 
is applied simultaneously with, or soon before, the event (Mosier and Hutchinson 
1981; Webster and Dowdell 1982; Hutchinson and Brams 1992) 
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It is well established that an increase in soil or sediment NO3- concentration 
leads to an increase in the N2O:N2 ratio in the product gases. This is attributed to 
the inhibition of N2O reductase by NO3- (Blackmer and Bremner, 1978a; Fire-
stone and Tiedje, 1979; Terry and Tate, 1980; Zumft and Kroneck, 1990) and, as 
noted earlier, this effect is further enhanced at low pH. 

5.3. Temperature  

Water temperature effects all vital processes of organisms and takes one of the 
main places among abiotic factors of the environment. Temperature is one of the 
most important ecological factors influencing physical, chemical, biochemical 
and biological processes which define the ecosystem conditions: possibility of life 
of various species, self purification, etc. Temperature effects are vivid not only on 
the living organisms directly but also indirectly with the solubility of oxygen and 
carbon dioxide, salts, density and viscosity, etc. In some cases these effects can be 
enhanced or diminished depending on the trophic links and differences in the de-
velopment of algae, invertebrates and fish. The effects of thermal regime on ich-
thyofauna development have been given a thorough study. While temperature 
rises, the toxic effects of toxins, oxygen demand, food requirements increase 
(Fashchevsky and Fashchevskaya, 2003). 

A very important factor controlling soil denitrification is temperature. It is not 
known how climate change would affect the mineralization or the storage of or-
ganic carbon in soils (Van de Geijn and Van Veen, 1993; Post et al., 1982). De-
spite the widespread belief that higher global temperatures will increase the rates 
of microbial decomposition in soils, there are few data that document the magni-
tude or the duration of this effect in different soil horizons and specific ecosys-
tems (Kirschbaum, 1995). Only a few attempts have been to isolate the relation-
ship between temperature and soil respiration (Winkler et al., 1996). Microbial 
activity varies with temperature. The rate of biological process is negligible below 
a threshold, but increases rapidly as this is exceeded (Granli and Bøckman 1994).  

Low rates of denitrification have been reported at temperatures as low as –2oC 
(Dorland and Beauchamp, 1991) and –4oC (Malhi et al. 1990), but higher tem-
peratures, > 5oC, are usually required for a significant denitrification rate (Benck-
iser et al., 1986). Detailed studies indicate that the nitrous oxide flux follows 
closely the diurnal temperature pattern from the soil depth where nitrous oxide is 
produced (Denmead et al., 1979; Conrad et al., 1983; Goodroad and Keeney, 
1984c; Slemr et al., 1984; Mosier 1989). This diurnal characteristic can be attrib-
uted to the changing activation energy of nitrous oxide producing bacteria with 
temperature, and by temperature induced solubility changes of nitrous oxide in 
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soil water (Blackmer et al., 1982; Conrad et al., 1983). In addition, correlating the 
nitrous oxide flux with temperature measurements from various soil depths can 
provide an indication of the site of nitrous oxide production (Conrad at al., 1983). 
Microbial activity, denitrification and nitrification rate, all increase with temperature. 
The denitrification product ratio (N2O/N2) falls with increasing temperature, while 
that from nitrification (N2O/NO3

-) tends to rise. The combined effect is that N2O 
emission rates increase with temperature (Granli, T. and Bøckman, 1994). 

The dependence of decomposition rates on temperature is usually described 
by the Q10-function, an expansion of the Arrhenius function (Jørgensen, 1994). 
Ecosystem process models which attempt to model the seasonal cycle of terres-
trial gas exchange have traditionally used a Q10 value (the factor by which the ac-
tivity is increased when the temperature increases by 10oC) near 2 (Raich et al., 
1991). A Q10 expression is used for soil temperature response function regulating 
all biological process. A Q10 of about 2 is common for biochemical reactions. A 
Q10 greatly different from 2 indicates that other factors than temperature also af-
fect the reaction rates. Such factors can be: physical (e.g. changes in gas solubility 
in water), biological (changes in microbial populations), both (e.g. increasing 
temperatures further O2 consumption, thus extending anaerobic zones (Smith and 
Dowdell, 1974). 

Generally, lower temperatures (in particular below 15o C) decrease microbi-
ological activity, increase nitrous oxide solubility and slow down gaseous diffu-
sion, thereby leading to lower nitrous oxide emission (Goodroad and Keeney, 
1984c). In addition, the overall gaseous N production under denitrification de-
clines with declining temperature. However, the same amount of nitrous oxide 
may still be emitted due to an increase in the N2O/N2 ratio which tends to occur 
from 25 to < 15o C (Keeney et al., 1979; Bailey, 1976; Nõmmik, 1956). This can 
lead, in temperate climatic zones, to significant proportions of annual N2O emis-
sions occurring in late autumn and early spring since soils during these periods 
tend to have low oxygen levels due to water saturation (Fillery, 1983). Consider-
able N2O emissions also occur from frozen soils at the spring thaw and can consti-
tute as much as 30 - 40 % from the total N2O produced over the year (Goodroad 
and Keeney, 1984a). Possible explanation for this occurrence include the release 
of dissolved nitrous oxide production in subsurface soils due to denitrification, 
nitrification and chemo-denitrification which is subsequently released during the 
thaw (Goodroad and Keeney, 1984a; Cates and Keeney, 1987b). Włodarczyk et 
al., (2001) studied the influence of temperature on the rate of denitrification and 
respiration of brown (B) and chernozem (C) soils from A horizon in the labora-
tory experiment. Their study showed an essential influence of temperature and 
kind of soil on the rate of denitrification and respiration of soils in the range of 
4ºC to 20ºC. The average maximum cumulative efflux of N2O was 1.7 and 1.2 
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times higher in the range of 4ºC to 10ºC and from 10ºC to 20ºC, respectively. In 
the case of respiration of soils, four times higher rate of CO2 emission in the range 
of higher temperature (10 – 20ºC) and about twice higher in the lower one (4 – 
10ºC) were found. The Q10 for the rate of denitrification was 8.4 and 4.2 in the 
range of temperature of 4 – 14ºC and 10 – 20ºC, respectively, while the Q10 for 
the rate of respiration was 4.2 and 4.5, respectively. An essential difference was 
found in the Q10 value between the chernozem and the brown soils. Generally, the 
influence of temperature (in the range from 4 – 20ºC) on denitrification process 
was found to be stronger than on the respiration one of the investigated soils.  

6. REDOX POTENTIAL  

Oxygen is only sparingly soluble in water and diffuses about 104 times more 
slowly in water than in air. Many organisms inhabiting lakes and flooded soils 
must survive with relatively low concentrations of oxygen. In some cases, hetero-
trophic respiration may totally deplete oxygen in wetland environments. For in-
stance, within a few millimetres of depth, the environment of wetland sediments 
often changes, from one where aerobic metabolism of organic matter (i.e., via the 
Krebs cycle) is possible, to one where various forms of anaerobic metabolism are 
required (Schlesinger, 1997).  

Nutrient cycling in lakes and freshwater wetlands is controlled by reduction po-
tential, informally known as redox, and by microbial transformations of nutrient 
elements that occur under conditions in which O2 is not always abundant. For ex-
ample, the availability of phosphorus in lakes differs strongly between the surface 
waters, which are more or less saturated with atmospheric O2, and deeper waters in 
which O2 may be depleted. Anaerobic microbial processes – denitrification, sul-
phate reduction, and methanogenesis – are responsible for the release of N2, H2S, 
and CH4 from wetland sediments. Other anaerobic microbial processes are coupled 
to changes in the oxidation state of iron and manganese in wetland soils. Anaerobic 
decomposition is often incomplete, so many wetlands store significant amounts of 
organic carbon - net ecosystem production – in their sediments (Schlesinger 1977). 
Wet soils contain about 1/3 of all the organic matter stored in soils of the world 
(Eswaran et al. 1995). Vast deposits of coal represent the net ecosystem production 
of swamps during the Carboniferous Period (Berner 1984). 

Mathews and Fung (1987) estimate that 3.6% of the world’s land area is wet-
land, but the present area of wetlands has been significantly reduced by human 
activities during the last 100 years. The unique environment of wetlands and their 
role in chemical transformations mean that their importance to global biogeo-
chemistry is much greater than their proportional surface area on Earth would 
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suggest. Recent environmental legislation recognizes the critical importance of 
wetlands as wildlife habitat and as an arena for biogeochemistry.  

6.1. Redox potential – the basics 

Just as pH expresses the concentration of H+ in solution, redox potential is 
used by chemists to express the tendency of an environment to receive or supply 
electrons. Oxic environments are said to have a high redox potential because O2 is 
available as an electron acceptor. For instance, iron (Fe) oxidizes when it shares 
the electrons of its outer shell with O2 to become Fe2O3 (rust): 

4Fe + 3O2 → 2Fe2O3                                             (1) 

Heterotrophic organisms in oxic environments capitalize on the use of O2 as 
a powerful electron acceptor. Electrons are derived from the metabolism of reduced 
organic compounds that are obtained from the environment and oxidized to CO2. In 
eukaryotic cells aerobic respiration occurs in the mitochondria. Every four electrons 
that flow across an internal membrane of the mitochondria combine with one O2 and 
four H+ to form two molecules of water – with the internal membrane system allow-
ing an especially efficient capture of energy for biochemistry.  

The oxidation state of the environment, or redox potential, is determined by 
the particular suite of chemical species that described a hypothetical situation in 
which two containers hold iron chloride in different oxidation states Fe2+ and 
Fe3+. The containers are connected by a wire which passes through a voltmeter 
and ends in inert platinum electrodes that are placed in each solution. A salt 
bridge allows Cl- to diffuse between the containers so as to maintain a neutral 
charge. One might expect that electrons would flow from left to right until an 
equilibrium was established: 

Fe2+ - e- ↔ Fe3+                                                    (2) 

The voltmeter could then be used to measure the current passing between the 
containers. For this simple system, we would say that the container on the right is 
an oxidizing environment, because it draws electrons from Fe2+, the more reduced 
or electron-rich species on the left.  

If the container on the right also contains O2, a greater voltage would be 
measured by the voltmeter. When oxygen is present, it acts as a powerful electron 
acceptor, and Fe will precipitate (as Fe3+) in soils and sediments, viz., 

4Fe3+ + 3O2 + 12e- → 2Fe2O3.                                   (3) 
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Thus, Fe3+ can accept electrons from more reduced substances, such as Fe2+, 
but not from O2, which is more strongly oxidizing. In the absence of strongly oxi-
dizing substances, Fe2+ persists in the environment.  

Of course, natural environments are not isolated into separate containers, nor 
do they contain such a simple mixture of constituents. In practice, we measure the 
redox potential of a natural environment by expressing the disequilibrium of its 
suite of constituents relative to a standard electrode which contains H2 gas overly-
ing a solution of known H+ concentration. We connect the environment to the 
standard electrode using an inert platinum electrode, which takes on the potential 
of the environment, without altering the tendency for electrons to move among 
chemical constituents. When a voltmeter is placed in this circuit, the redox poten-
tial (Eh) is measured as the voltage required to prevent the interconversion of H+ 

and H2 at the standard electrode. In practice, a standard hydrogen electrode is dif-
ficult to maintain in the field, so investigators often use other reference electrodes 
that are calibrated against a hydrogen electrode (Bricker 1982, Faulkner et al. 
1989).  

When O2 is present, it accepts electrons at the platinum electrode: 

O2 + 4e- + 4H+ → 2H2O                                         (4) 

The electrons are generated at the hydrogen electrode, 

2H2 ↔ 4H+ + 4e-,                                               (5) 

and the voltmeter records a high voltage or redox potential (e.g., ca. 1100 mV at 
pH 2.0). Because Eq. 4 is more likely to proceed to the right under acid condi-
tions, a higher redox potential will be found at lower pH, assuming that all other 
factors are the same. As oxygen is depleted, other constituents, such as Fe3+, may 
accept electrons, following Eq. 2, but a lower voltage will be recorded. An equi-
molar solution of Fe3+ and Fe2+ will have a redox potential of +770 mV relative to 
the standard electrode, when its pH is 2.0.  

The pH of the environment affects the redox potential established by Fe3+ and 
other species. In an anoxic environment at pH 5.0, an equilibrium between Fe2+ 

and Fe3+ is found at a redox potential of about +400 mV, with the underlying re-
action being  

Fe2+ + 3H2O ↔ Fe(OH)3 + 3H+ + e-                                (6) 

The equation is more likely to proceed to the right at higher pH, so Fe3+ will 
prevail in neutral and alkaline environments, while Fe2+ is most likely to persist in 
the acid, anoxic waters of peat bogs. Thus, oxidation proceeds more readily, and 
at lower redox potentials, in neutral or alkaline environments, and various forms 
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of anaerobic metabolism, such as denitrification, are more likely to occur in acid 
environments (Weier and Gilliam 1986).  

Much of the recent work expresses redox in units of pe, which is derived from 
the equilibrium constant of the oxidation–reduction reaction. For any reaction, 

oxidized species + e- + H+ ↔ reduced species,                        (7) 

and the equilibrium constant, K, is determined by 

log K = log(reduced) – log(oxidized) – log(e-) – log(H+)              (8) 

If we assume the concentration of oxidized and reduced species are equal, then 

pe + pH = log K.                                                 (9) 

Here, pe is the negative logarithm of the electron activity (-log(e-)), and it ex-
presses the energy of electrons in the system (Bartlett 1986). Because the sum of 
pe and pH is constant, if one goes up, the other must decline. When a given reac-
tion occurs at lower pH, it will occur at higher redox potential, expressed as pe. 
Measurements of redox potential that are expressed as voltage, Eh, can be con-
verted to pe following  

3.2)/( FRT
Epe h= ,                                          (10) 

where R is the universal gas constant (1.987 cal mole-1K-1), F is Faraday’s con-
stant (23.06 kcal V-1 mole-1), T is temperature in Kelvin, and 2.3 is a constant to 
convert natural to base-10 logarithms. 

Redox potential is also described by Nernst’s equation:  
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where: Eo – standard redox potential, R – universal gas constant, T – temperature in 
Kelvin, F – Faraday’s constant, (Ox) – concentration of oxidized form, (Red) – 
concentration of reduced form, (H+) – concentration of hydrogen ions, n – number 
of exchangeable electrons, m –number of hydrogen ions taking part in the reaction. 

Environmental chemists use Eh-pH or pe-pH diagrams to predict the oxidation 
state of various constituents in natural environments. All diagrams are bounded by 
two lines. If redox potentials were ever to fall above the upper line, even water would 
be oxidized. Although the photolysis of water occurs during photosynthesis and by 
exposure of water vapour to ultraviolet light in the upper atmosphere, we do not nor-
mally find such strongly oxidizing conditions in the natural waters at the surface of 
the Earth. An environment dominated by Cl2 would be more oxidizing than water, so 
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as long as the Earth has contained abundant liquid water, any Cl2 from volcanic emis-
sions has been dissolved in ocean waters as Cl- (Bohn et al. 1985): 

2Cl2 + 4e- + 4H+ → 4HCl                                  (12) 

2H2O → 4H+ + 4e- + O2.                                  (13) 

Similarly, any conditions above the lower line allow the reaction 

H2 + 2OH- → 2H2O + 2e-,                                 (14) 

but the reverse of this reaction – the reduction of water – is also rarely seen in the 
natural environment. Elemental Na reduces water,  

2Na + 2H2O → 2Na+ + 2OH- + H2,                        (15) 

which is why sodium exists in ionic form at the surface of the Earth (Bohn et al. 
1985). These boundary conditions vary with pH; Eh decreases by 59 mV with 
each unit of pH increase, reflecting that oxidation requires a higher redox poten-
tial under acid conditions. 

Important to biogeochemistry, Eh determines what modes of microbial activity 
are possible in a given environment. 

In most cases, organic matter contributes a large amount of “reducing power” 
that lowers the redox potential in flooded soils and sediments (Bartlett 1986). 
High concentrations of Fe2+ will be found in flooded, low-redox environments, 
where impeded decomposition leaves undecomposed organic matter in the soil 
and humic substances impart acidity to the soil solution. Where organic matter is 
sparse, iron may persist in its oxidized form (Fe3+) even when the soils are 
flooded (Couto et al. 1985). The tendency for iron to precipitate in oxidized form 
at high redox potential or high pH underlies the use of aeration and liming as 
techniques for ameliorating lakes that are affected by acid mine drainage. 

Soils and sediments that resist changes in their redox potential are said to be 
highly poised. Conceptually, poise is to redox potential as buffer capacity is to pH 
(Bartlett, 1986). As long as soils are exposed to the atmosphere, they will appear 
to be highly poised, since O2 will maintain a high redox potential under nearly all 
conditions. However, in the absence of O2, these soils may show a rapid decline 
in redox potential as various weakly oxidizing constituents (e.g., NO3

-, Mn4+, 
Fe3+, and SO4

2-) are reduced. Redox potential will fall less rapidly – there is more 
poise – when concentrations of Mn4+ and Fe3+ are high (Lovley and Phillips 
1988b, Achtnich et al. 1995). 
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6.2. Redox reactions in natural environments 

Few oxic environments have redox potentials of less than +600 mV. A progres-
sive decrease in redox potential occurs when soils are flooded. Redox potential 
drops as heterotrophic respiration of organic carbon depletes the soil of O2 (Calle-
baut et al. 1982, Megonigal et al. 1993). The diffusion of oxygen in flooded soils 
and sediments is so slow that redox potentials also decline rapidly with increasing 
depth in wetland soils (Stolzy et al. 1981). Where organic carbon is abundant, a 
strong gradient of redox potential may develop in sediments over a depth as short as 
2 mm (Howeler and Bouldin 1971, Sweerts et al. 1991). The high spatial and tem-
poral variation of redox potential in wetlands accounts for much of the total range 
of redox potential that has been reported for the surface of the Earth. 

The results of many studies suggest that a particular sequence of reactions is 
expected as progressively lower redox potentials are achieved (Table 1; Ponnam-
peruma 1972, Patrick and Jugsujinda 1992, Achtnich et al. 1995, Peters and 
Conrad 1996). After O2 is depleted by aerobic respiration, denitrification begins 
when the redox falls to +747 mV (at pH 7.0). Denitrifying bacteria use nitrate as 
an alternative electron acceptor during the oxidation of organic matter. When ni-
trate is depleted, reduction of Mn4+ begins below a redox of +526 mV, followed 
by reduction of Fe3+ at Eh < -47 mV (Lovley 1995). Certain types of bacteria (e.g., 
Shewanella putrefaciens) can couple the reduction of Mn and Fe directly to the 
oxidation of simple organic substances (Lovley and Phillips 1988a, Nealson and 
Myers 1992, Caccavo et al. 1992), but usually these reactions are catalyzed by 
a suite of coexisting bacteria – with some species using fermentation to obtain 
metabolic energy, while others oxidize the hydrogen, using Mn4+ and Fe3+as elec-
tron acceptors (Lovley and Phillips 1989), e.g., 

C6H12O6 → CH3COOH + CH3CH2COOH + CO2 + H2                (16) 

2Fe3+ + H2 → 2Fe2+ + 2H+.                                  (17) 

In many cases there appears to be some overlap between the zone of denitrifi-
cation and the zone of Mn reduction in sediments (Klinkhammer 1980, Kerner 
1993), and most of the microbes in this zone are facultative anaerobes that can 
tolerate periods of aerobic conditions. There is little overlap between the zone of 
Mn reduction and that of Fe reduction, because soil bacteria show an enzymatic 
preference for Mn4+, and Fe3+ reduction will not begin until Mn4+ is depleted 
(Lovley and Phillips 1988b). 

Below the zone of Mn4+ reduction, most redox reactions are performed by obli-
gate anaerobes. Our earlier emphasis on the redox state of iron reflects the widespread 
use of Fe as an index of the transition from oxidizing to strongly reducing conditions. 
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Iron is a convenient indicator in the field, because oxidized iron is easily recognized 
in soils by its red color, known as chroma, whereas reduced iron is greyish (Evans 
and Franzmeier 1988). Soil layers with reduced iron are called gley. 

Obligate anaerobes such as Clostridium use the energy derived from fermenta-
tion/Fe3+ reduction to engage in nitrogen fixation (Ottow 1971). Such nitrogen fixa-
tion is probably essential to augment the meagre supplies of nitrogen that result 
from anaerobic mineralization. Below the depth of iron reduction, the redox poten-
tial progressively drops to -221 mV, where sulfate reduction commences, and to –
244 mV, where methanogenesis occurs (Lovley and Phillips 1987). These reactions 
are performed by obligate anaerobic bacteria, some of which also engage in nitro-
gen fixation (Postgate et al. 1988). A few, highly reducing (Eh < -700 mV at pH 
7.0) environments appear to allow the production of phosphine gas (PH3) by micro-
bial reduction of PO4

3- (Gassmann and Glindemann 1993, Dévai et al. 1988). 
Table 1. Thermodynamic sequence for reduction of inorganic substances by hydrogen ( pH 7, 25oC)  

Reaction Eh (V) bG∆  
Reduction of O2 
 O2 + 4H+ + 4e- ↔ 2H2O 

 
0.812 

 
-29.9 

Reduction of NO3
- 

 NO3
- + 2H+ + 2e- ↔ NO2

- + H2O 
 
0.747 

 
-28.4 

Reduction of Mn4+ to Mn2+ 

 MnO2 + 4H+ + 2e- ↔ Mn2+ + 2H2O 
 
0.526 

 
-23.3 

Reduction of Fe3+ to Fe2+ 
 Fe(OH)3 + 3H+ + e- ↔ Fe2+ + 3H2O 

 
-0.047 

 
-10.1 

Reduction of SO4
2- to H2S 

 SO4
2- + 10H+ + 8e- ↔ H2S + 4H2O 

 
-0.221 

 
-5.9 

Reduction of CO2 to CH4 
 CO2 +8H+ + 8e- ↔ CH4 + 2H2O 

 
-0.244 

 
-5.6 

a Calculated from Stumm and Morgan (1981, p.459) 
b Kcal mole-1 per e-, assuming coupling to the oxidation reaction  
 ¼ CH2O + ¼ H2O → ¼ CO2 + H+ + e- and ∆G = -RTln(K) 

 
The environment of flooded soils and sediments exists as a dynamic equilib-

rium that is maintained by the availability of oxygen at the surface and buried or-
ganic carbon as a source of reducing power at depth. A declining yield of meta-
bolic energy determines the order of the anaerobic microbial processes (Stumm 
and Morgan 1981; Patrick and Jugsujida 1992). Table 1 shows that the free en-
ergy of reaction (∆G) is greatest for aerobic respiration (-29.9) and least for 
methanogenesis (-5.6), and at any redox potential the microbial population con-
ducting metabolism with the greatest energy yield will usually out-compete the 
rest (Lovley and Klug 1986, Achtnich et al. 1995). Note that the potential energy 
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available to aerobic heterotrophs is only slightly greater than that from denitrifiers 
which often coexist in upland soils (Carter et al. 1995). The low energy yield of 
reactions that occur at lower redox potential accounts for the inefficiency of an-
aerobes and the preservation of organic carbon in sediments (Gale and Gilmour 
1988, Albers et al. 1995) 

If the surface of a wetland soil is exposed to the air, as might occur with sea-
sonal fluctuations of the water table, the position of each redox reaction will shift 
downward in the profile (Megonigal et al. 1993). Products of previous reduction 
reactions become substrates for oxidizing bacteria. For example, the total rate of 
denitrification is enhanced when seasonal periods of aerobic conditions stimulate 
the mineralization and nitrification of organic nitrogen, which makes NO3

- more 
available for denitrifiers when the water level later rises (Reddy and Patrick 1975, 
1976). In continuously flooded soils, nitrate must diffuse downward from aerobic 
layers supporting nitrification to anaerobic layers supporting denitrification (Pat-
rick and Tusneem 1972). Simultaneously, reduced substances diffuse up from an-
oxic sediment layers and are reoxidized at the surface (Sweerts et al. 1991). Me-
tabolism can combine unexpected couples of elements in redox reactions; Straub 
et al. (1996) found that microbial reduction of nitrate can be coupled to the oxida-
tion of Fe2+ in anaerobic sediments. 

In studies of soil material, redox potential is used as an index of oxidation, 
particularly useful in the range of low oxygen concentrations. All nitrogen trans-
formations are accompanied with changes in the redox potential of the soil. The 
measured value of Eh in soils is the resultant of all redox couples occurring in the 
soil, creating the so-called mixed potential (Bohn, 1971; Gliński and Stępniewski, 
1984; Stępniewska, 1988; Gliński and Stępniewski, 1985). The value of this index 
in the soil depends to a decisive extent on: 

• The amount and quality of organic matter – source of electrons  
• Oxidized inorganic compounds – electron acceptor  
• Activity of microbes enzymatically catalyzing the processes of oxidation 

and reduction  
• Physical conditions of the soil; the most important among those are the wa-

ter-air relations in the soil and temperature.  
As mentioned above, the value of Eh depends, among others, on organic mat-

ter, and the rate of the processes of reduction and changes in Eh and pH increases 
with growing content of organic substance (Januszek, 1978; Gliński and Stęp-
niewski, 1985). 

The current value of the redox potential provides information on the rate of 
ongoing processes of oxidation and reduction.  
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Intense periodic irrigation or flooding of soil causes intensification of redox 
processes. The intensity of the processes can be estimated on the basis of changes 
in and current value of the redox potential which is one of the more important in-
dexes used for the description of the status of soil oxygenation (Yu Tian Ren, 
1985; Stępniewska, 1988; Stępniewska et al., 1997). 

In the course of drying, as the former oxygen conditions are restored, the 
value of redox potential returns to the level from before the flooding (Gliński and 
Stępniewski, 1984; Rowell, 1988; Stępniewska, 1988).  

The knowledge of the dynamics of redox changes in soils subjected to irriga-
tion may be helpful for the estimation of the availability of various forms of ni-
trogen compounds (Stępniewska, 1988; Włodarczyk, 2000). 

7. WATER POLLUTION 

There exists a need, both from the ecological and the sanitary points of view, 
of reducing the content of nitrogen compounds in waters.  

In the face of the existing water deficit, actions are necessary, aimed at the 
protection of surface and underground water reserves from their contamination 
with insufficiently purified waste waters.  

It is well known that modern treatment plants can remove approximately 90-
95% of organic matter and 10-40% of inorganic matter from waste waters. In or-
der to ensure the water quality standards in the existing water bodies, there is a 
necessity for multiple dilution of wastewaters discharged from treatment plants 
(by 10-50 times). Efforts to enhance additional treatment to 98-99% lead to in-
creased costs of treatment as much as 2-10 times, and electrical power consump-
tion. However, in some cases the nature itself aids man in maintaining favourable 
ecological situation by the self purification process in rivers and lakes. One of the 
most important physical factors of self purification is the hydrodynamic one in-
volving dilution, solution and mixing of pollutants (Fashchevsky and Fashchev-
skaya, 2003).  

7.1. Protection of waters from pollution 

Not less an important task than admissible regulation and withdrawal of flow is 
the task of assessment of admissible discharges of wastewaters as from point and non-
point sources pollution into water bodies with taking into account the processes of 
accumulation, bioconcentration (with trophic chains) and self purification of pollut-
ants in river ecosystems (Fashchevsky and Fashchevskaya, 2003).  
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Self purification is effected by many processes occurring in rivers and lakes: 
1) Resulting from the biochemical conversion in the water body depth, in sus-
pended loads and in bottom deposits, 2) Resulting from the chemical oxidation by 
dissolved oxygen and photochemical oxidation, 3) Resulting from the physical 
and chemical processes such as sorption and desorption, settling, coagulation, 
etc., 4) Resulting from the biological effects on pollutants through trophic chains 
(bacterial, animal and vegetation population in water). The intensity of each proc-
ess is characterized by its self purification coefficient depending on many factors: 
current velocity, water and air temperature, solar radiation and oxygen content, 
micro-organisms and invertebrates, aquatic and sub-aquatic vegetation. Apart 
from the dilution effect, which is conventionally considered to be a self purifica-
tion factor, biological and physicochemical factors are of great significance in the 
self purification processes. The self purification rate is dependent on dissolved 
oxygen content, water and air temperature, ultra-violet radiation, velocities, and 
sorption and desorption, cationic exchange, microorganisms, and so on. The oxi-
dation process has the greatest effect on organic matter. The kinetics and mecha-
nism of the oxidation reaction of organic compounds in rivers and lakes are de-
termined by the structure of the substances and environmental conditions: pH 
value, water temperature, ultra-violet radiation, etc. In the case of complex or-
ganic compounds in wastewater, two simultaneous processes occur: complex 
molecule destruction into simpler ones and, vice versa, making up of complex 
molecules from simpler ones. Organic matter disintegration occurs mainly under 
the influence of microorganisms. At first, the carbon skeleton of organic com-
pounds undergoes transformation (CO2 and H2O) and later nitrogen is oxidized to 
nitrates and nitrites. It is known that the quantity of organic matter in water, 
which is capable of oxidation by microflora to carbon dioxide, and water is esti-
mated by complete biochemical oxygen demand (BODcom). The total organic mat-
ter content is determined by chemical oxygen demand (COD); for this purpose 
organic compounds are destructed by complex oxidants (potassium dichromate, 
potassium iodate, etc.) in acid media at high temperature. Restore-oxidation proc-
esses play an important role in self purification of water bodies and formation of 
some hydroxidants of metals (iron, manganese, etc.). However, the decisive role 
in self purification of polluted water bodies by metals (copper, zinc, nickel, co-
balt, etc.) belongs to sorption processes. Besides, sorption has a great effect on the 
concentration of organic matter i. e. anion active and non-inorganic (Fashchevsky 
and Fashchevskaya, 2003). 

The self purification process of rivers polluted with suspended matters is 
much slower than in rivers with dissolved pollutants. The character of self purifi-
cation of water sources from suspended particles depends on the ratio of mineral 
and organic parts of suspensions. The self purification of water bodies from or-
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ganic pollution accumulated in bottom sediments is a very complex process of 
biochemical oxidation by way of direct oxidation in the contact of solid particles 
with dissolved oxygen and non-aerobic (without access of oxygen) decomposition 
of matter (Fashchevsky and Fashchevskaya, 2003). 

The oxidation process of organic suspension occurs in surface layers, contacting 
with water, which contains dissolved oxygen, while non-aerobic decomposition of 
organic substances prevail in deep layers. In addition to the chemical factors of water 
pollution (by industrial and agricultural discharges), bacterial pollution also contrib-
utes to changing the ecological situation of rivers and lakes. As a result, pathogenic 
bacteria and viruses cause such dangerous diseases as cholera, dysentery, typhus and 
others. Bacterial self purification of water bodies is determined by dying of microor-
ganisms due to the effects of physical, chemical and biological factors. It should be 
kept in mind that each type of bacteria is characterized by its own rate of death. Ac-
cording to Fashchevsky (1996), on plain rivers bacteria decrease by over 90% after 
60-70 hours, while bacterial pollution is removed in 90-95% at a 5-10 times faster 
rate in mountain rivers. Thus, in choosing a water intake location, it is necessary to 
consider the self purification capacity of water sources (Fashchevsky and 
Fashchevskaya, 2003). 

8. SOIL POLLUTION 

Soil is the fundamental acceptor of wastes generated in nature. Wastes purifi-
cation utilizing the soil and plants is the result of complex processes - chemical, 
physical, physicochemical, biochemical – that take place in the aeration and satu-
ration zone. The system constitutes a universal laboratory of matter transforma-
tions and energy flux. Soil is the habitat or living environment of underground 
parts of plants, of bacteria, fungi, and of fauna. As a result of changing environ-
mental conditions, dynamic diurnal and seasonal changes take place in the soil – 
changes in the biological composition, in the gas composition of the soil air, in 
the intensity of biochemical, chemical and physical processes, in the content of 
biogenic substances.  

Agricultural chemicals have significantly increased the production and protec-
tion of food, feed, and fiber worldwide. However, the fact that pesticide and fertil-
izer residues can leach from farms and pollute the surface and ground water re-
sources is of great concern. Often the problem arises because excessive loads of 
contaminants cause microbial bioremediation (biodegradation, biotransformation, 
or biodetoxification) to become electron donor– or acceptor–limited. In such 
cases, addition of a suitable electron donor or acceptor is a viable option for effi-
cient bioremediation. Amendment of soil with the soluble or readily available 
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form of limiting nutrients has been successfully used for several in situ soil de-
contamination endeavors, especially dealing with organic pollutants (Al-
Hadhrami et al., 1997; Fava and Gioia, 1998). If such a strategy is applied for 
remediation of pesticides, herbicides, and fertilizers from agricultural soils, it is of 
utmost importance to evaluate first its effects on the soil properties that are impor-
tant to later agricultural use and sustainable development (Banerji et al., 1997; 
Haynes and Naidu, 1998; Sort and Alcaniz, 1999a,b). Fertilizer nitrate that re-
mains in the unsaturated zone at the end of the farming season is the most com-
mon contaminant of subsurface ground water (Zhou et al., 1997). Several studies 
have shown that addition of readily available organic carbon has the potential of 
controlling nitrate contamination of soil and ground water (Firestone, 1982; 
Knowles, 1982; Hasselblad and Hallin, 1998; Verstraete and Philips, 1998). The 
readily available organic carbon serves as an electron donor, and creates a re-
duced environment that stimulates denitrification.  

The reduced soil environment is more pronounced below the water table, 
where oxygen supply is low and biological oxygen demand is high (Buol et al., 
1989), thus enhancing degradation of fertilizer nitrate by indigenous denitrifying 
bacteria (Knowles, 1982; Korom, 1992). However, a reduced environment also 
causes reduction of redoximorphic compounds, such as iron (Fe) and manganese 
(Mn) hydroxides (Cate, 1964; Lidster and Ford, 1981). Iron compounds are re-
duced to the ferrous form, which is known to be highly mobile. The ferrous form 
then is lost from the system if there is a net downward or upward and outward 
movement of ground water. If the water is then removed from the soil, precipita-
tion or deposition of the dissolved compounds will not occur in the profile. How-
ever, if the water table is raised, the reduced mobile forms of Fe and Mn are 
transported upward in the soil and this movement of Fe and Mn may result in the 
formation of redoximorphic features in the soil profile (Anonymous, 1992). Dur-
ing subsequent desaturation, the reoxidation and precipitation of these compounds 
in the soil profile results in the development of Fe and Mn coatings on mineral 
surfaces, and soft masses or hard concretions or nodules are formed. Furthermore, 
if the reduced Fe remains in the system in the presence of a relatively high level 
of OM, it can react to form sulfides and related compounds (Bloomfield, 1952; 
Jeffery, 1960; Ford, 1971, 1974, 1975). In this case, sub irrigation water contain-
ing a high amount of dissolved organic carbon might lead to mobilization, trans-
portation, and precipitation of Fe and Mn compounds, consequently affecting the 
agricultural quality of the soil. 
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8.1. Wastewater purification by soil and plants 

The climatic conditions of Poland are conducive to the utilization of wastewa-
ters in agriculture as one of the available purification options. It should be kept in 
mind that in the course of developing such a utilization project, such meteorologi-
cal factors as air temperature, precipitations, wind directions and velocity should 
be taken into consideration.  

Weakly loamy sands are among the soils that are the most suitable for waste-
water purification. Investment and development costs related to such fields are 
low, as such soils do not require drainage. Fields located on such soils and irri-
gated with wastewaters reach full operational efficiency within years from the 
start of the irrigations.  

Light loamy sands have relatively high permeability and are characterized by 
sorptive capability. They do not require draining, can take high doses of wastewa-
ter, can be irrigated the year round and used for growing a variety of crops. 

Strongly loamy sands have to be drained when under a heavy load of waste-
waters. It can be stated, generally, that the costs of wastewater purification on 
loamy soils are much higher than on sandy soils where optimum irrigation is har-
der to apply (Baran and Turski, 1999). 

Organogenic soils - that cannot be drained - are not suitable for wastewater irri-
gation, but with appropriate lowering of the ground water table and application of 
correct techniques of irrigation can be used for the purpose. Worthy of recommen-
dation is the application of wastewater irrigation on much soils and dried peats. Ex-
periments conducted on peat soils showed very good results of wastewater purifica-
tion and good yields in meadow crop production (Brandyk, 1978).  

For decades now, studies have been conducted on the elimination of biogenic 
compounds, nitrogen included. An important area of the studies is concerned with 
hydro botanical purification plants that utilize the soil and plants and the activity 
of a specific type of microflora inhabiting the soil and plant rots (Błażejewski, 
1993; Kalisz, 1993; Kowalik and Obarska-Pempkowiak, 1997; Kowalik and 
Lewis, 1995; Białkowicz, 1995; Kadlec,1987; Obarska-Pempkowiak, 1991; Reed 
and Brown, 1992; Richardson and Davies, 1987; Wojciechowski, 1995).  

Methods used so far for environmental purification are very costly. They re-
quire sophisticated equipment and are often difficult to implement, especially 
when dealing with relatively slight pollution spread over large areas. Also, their 
implementation destroys all life activity in the environments purified (Baker et 
al., 1995; Cunningham et al., 1995; Salt et al., 1995; Boyajian and Sumner, 
1997; Ensley et al., 1997). Therefore, there is ongoing search for new solutions, 
more effective and more economical. One of those, and stirring up increasing in-
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terest and growing expectations, may be the utilization of plants for the purifica-
tion of the environment in a process called the phytoremediation. In most general 
terms, the concept covers all measures consisting in the utilization of plants for 
the degradation, extraction or stabilization of contaminants (Cunningham et al., 
1996). 

Among other things, plants can extract from the soil, from waters and from 
the atmosphere organic contaminants, heavy metals, radioactive substances, or 
excess of salt. With respect to the type of contamination and the manner of its de-
toxification, several methods of phytoremediation can be distinguished–
phytodegradation, volatilization, phytostabilisation, rhizofiltration and phyto-
extraction. Rhizofiltration can be used for the purification of surface and ground 
waters, industrial wastewaters, as well as municipal and agricultural wastewaters.  

For the treatment of liquid wastes generated by farms, more and more often 
small waste treatment units are set up, based on cultures of selected species of wil-
low (Perttu and Kowalik, 1997; Punshon and Dickinson, 1997), poplars (Dix et al., 
1997), reeds, cattails, bulrush and other wetland plants and rooted aquatic plants 
(Dunbabin and Bowmer, 1992; Kondzielski et al., 1996). The attractiveness of utili-
zation of willows and poplars (both the species belong to the family Salicaceae) as 
biological filters follows, among other things, from their fast rate of growth, high 
index of transpiration, capacity to uptake and biodegrade organic contaminants, but 
also to accumulate heavy metals contained in waste waters. Moreover, those plants 
are used neither for food nor for fodder, and their wood – used as fuel – can provide 
a cheap source of energy (Dix et al, 1997; Perttu and Kowalik, 1997).  

In Poland, the requirements concerning waste waters drained to the ground 
and to waters are regulated by the Decree of the Minister of Environmental and 
Natural Resource Protection and of Forestry, dated 5th November, 1991.  

The highest permissible values of nitrogen compound indexes are as follows:  
• Ammonia nitrogen N-NH4

+ - 6 mg·dm-3  
• Nitrate nitrogen N-NO3

- - 30 mg·dm-3 
• General nitrogen - 30 mg·dm-3 
In Poland, root-type waste treatment units began to develop at the end of the 

seventies of the last century. Soil-plant waste-water treatment units could achieve 
a high level of importance for the sanitation of rural and recreational areas. In Po-
land there are about 40 sewage treatment units of this type, while in the United 
States there are about 150 root-reed waste-water treatment units alone (Reed and 
Brown, 1992; Kowalik and Obarska-Pempkowiak, 1997).  

In treatment units of this type, the purification of waste waters is the result of 
physicochemical processes taking place in the substrate, of the activity of plants, 
and of the activity of the specific microflora inhabiting the soil and the plant roots 
(Kadlec, 1987). The efficiency of waste water treatment in root-type treatment 
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units depends on the kind of plants, on the engineering solutions applied, and on 
the climatic conditions (Kalisz, 1993; Błażejewski, 1993). 

The basic factors that affect the efficiency of biogene elimination from waste 
waters include: hydraulic loads, depth of flux zone, time of retention, burden of 
biogenic compound charges, type of soil, type of plants, methods of treatment unit 
operation. In the course of studies on natural wastewater treatment plants, the pa-
rameter that is most frequently determined is the efficiency of constituent elimina-
tion from the water waters treated (Richardson and Davies, 1987; Reed 
and Brown, 1992). 

In the period of 1997-1999, at the Institute of Agrophysics in Lublinie, a study 
was conducted on the processes taking place under the conditions of high-rate ir-
rigation of soil and plants with treated municipal waste waters from the Hajdów 
treatment plant.  

In available literature concerning the utilization of soil and plants in the proc-
ess of elimination of biogenes from waste waters, there is a notable deficit of data 
describing the processes taking place in soil solutions at various depths in the soil 
profile, in conjunction with changes in the redox potential, inherently related to 
those processes.  

9. OBJECT OF THE STUDY  

The study was conducted on an experimental object localized in the valley of 
the Bystrzyca river on peat-muck and mineral-muck soils. The object was irri-
gated with municipal waste waters from the city of Lublin, treated at the Hajdów 
treatment plant. Drainage of the irrigation waste water from individual plots of the 
object was by means of a system of drains discharging to a drainage ditch. The 
experiment involved several plant species.  

9.1. Description of the object 

The object covers the area of approximately 8 hectares. The whole area was 
divided into seven fields, and each of those into three plots - A, B and C. Irriga-
tion was applied only to plots B (single dosage of waste water, optimum for a 
given plant) and C (double the optimum dosage), while plots A, not irrigated with 
waste water, provided the control. All the plots were separated from one another 
with small dykes. To preclude water infiltration from the sedimentation lagoons 
of the Hajdów treatment plant and from the Bystrzyca river, the whole object was 
protected with a belt ditch on two sides – south-west and south-east. On the north-
eastern side of the object, the drainage ditch collecting water from the individual 
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fields doubled as the belt ditch as well. Drainage was applied over the whole area 
of the object that performed the dewatering function. Drainage waters from the 
ditch were then directed on to the Bystrzyca river. To the north-west of the object 
there was a feeder ditch carrying waste waters, so field 1 was exposed to the risk 
of infiltration from the feeder and of influx of ram ground waters from nearby 
hills. Waste water used for the irrigation was supplied via a pipeline to the feeder, 
thence through an inlet to the irrigation furrow running in the dyke system, and 
then through outlets to the field plots B and C. A schematic diagram of the object 
is presented below. 
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Schema 1. Schematic diagram of the object 

9.2. Soil conditions 

In 1995, in the territory of the Hajdów object, in each of the three plots of the 
experimental field basic soil pit was made, down to the depth of 1.5 m. Each soil 
profile was located in plot centre. Samples for detail analyses were taken from the 
horizons of 0-20 cm, 20-40 cm, 40-60 cm and 60-80 cm.  

The soils of the area under study are representative of the division: hydrogenic 
soils, type: much and moorsh soils, subtype: peat-moorsh and mineral-moorsh 
soils. In the western part of the experimental field there are soils classified as 
type: much soils, subtype: peat-muck soils, with organic matter content of 32-
36%. In the eastern part of the field, closer to the bed of the Bystrzyca river, there 
are soils classified as type: moorsh soils, subtype: mineral-moorsh soils with or-
ganic matter content of 13.3-17.2%. The layer of peat overlies sand as the mineral 
substrate. Both soil subtypes were developed from low sedge peat (Final Report 
Ref. PBZ-31-03,1998). 
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The density of the soil studied was low and characteristic of muck and peat 
soils with low content of mineral components. The variability of this feature 
within the experimental field was considerable, the values of density varying from 
0.19 to 0.94 Mg·m-3. 

In most of the soil profiles studied, the total porosity of the soil – as a feature 
closely related to soil density – fell within the range of high values, in extreme cases 
exceeding the level of 90.0 cm3·100 cm-3 (Final Report Ref. PBZ-31-03,1998). 

The values of current soil moisture content obtained at the time sampling can 
be interpreted as a condition close to the field water capacity; the level of ground 
water table varied from 45 to 70 cm. Therefore, the conditions prevailing in the 
soil were conducive to capillary uptake and permitted for water deficit to be com-
pensated for from the ground water table. In this situation, the current soil mois-
ture content was dependent on the level of the ground water table (Final Report 
Ref. PBZ-31-03,1998).  

9.3. Vegetation 

On the drained plots of the experimental object, cultures of the following 
plant species were set up:  

Field 1 – Poplar (Popolus nigra and Populus alba) 
Field 2 – Basket willow (Salix americana) 
Field 3 – Maize (zea mays) 
Field 4 – Hemp (Cannabis sativa) 
Field 5 – Spring rape (Brassica napus ssp. oleifera) 
Field 6 – Grass mix I 
Field 7 – Grass mix II 
Components of grass mix I: meadow grass, reed canary grass, reed fescue, 

meadow fescue, smooth-stalked meadow grass, white bent grass, smooth-stalked 
bog grass. 

Components of grass mix II: meadow grass, meadow fescue, common cocksfoot, 
timothy grass, smooth-stalked meadow grass, smooth-stalked bog grass, ryegrass. 

Discussed here are the results for fields 2 – basket willow and 6 – grass mix 
II, obtained over the period of 1997-1999, and additionally the results for the field 
of rape from 1997.  

9.4. Characterization of the „Hajdów” waste water treatment plant 

The receiving body of water for treated waste water from the „Hajdów” 
treatment plant is the river Bystrzyca, the second largest tributary of the river 
Wieprz. The water quality class, from the riverhead to the outlet of the treated 
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waste water was determined as class II, and below the outlet as class III. The „Ha-
jdów” waste water treatment plant is located in the eastern part of Lublin and 
treats all municipal and industrial waste waters from the towns of Lublin and 
Świdnik (but not from WSK PZL-Świdnik). Both the towns have separate sewage 
systems. Rainwater is drained through the storm sewage system directly to the 
receiving body of water. The „Hajdów” plant is a mechanical-biological waste 
water treatment plant. Waste water is treated in successive objects of the techno-
logical cycle and, once fully treated, routed directly to the river Bystrzyca.  

9.4.1. Chemical characteristics of waste water 

In the course of the study, a check was performed to test the quality of treated 
municipal waste water used in the field experiment. Treated waste water from the 
„Hajdów” plant, used for irrigation in the experiment, was characterized by low 
variability of physicochemical parameters (Tab. 2).  
Table 2. Physicochemical parameters of treated waste water (Final Report Ref. PBZ-31-03,1998) 

Parameter Unit Range of values 

pH – 6,47-8,41 
ChZT g O2·m-3 30,1-56,3 
BZT5 g O2·m-3 8,3-22,6 
N-NH4 g N·m-3 1,1-7,1 
N-NO3 g N·m-3 20,2-38,4 
N-tot g N·m-3 22,3-43,6 
P-PO4 g P·m-3 3,1-6,8 
P-tot g P·m-3 3,7-7,0 
Na+ g Na·m-3 24,3-69,4 
K+ g K·m-3 11,8-27,7 
Ca2+ g Ca·m-3 59,7-95,2 
Mg2+ g Mg·m-3 12,6-19,7 
SO4

2- g SO4·m-3 43,6-116,3 
Cl- g Cl·m-3 67,8-121,6 
Zn mg Zn·m-3 18-800 
Cu mg Cu·m-3 6-198 
Pb mg Pb·m-3 7-96 
 
The parameters of nitrogen and phosphorus concentration in the treated 

wastewater, important for the process of irrigation, occurred at levels acceptable 



 
 
 

41 

under the Water Law Permit issued for the „Hajdów” treatment plant, under 
which the plant can dump waste water to the river Bystrzyca. 

The treated waste water occasionally showed slightly exceeded levels of eu-
trophic substances, especially total nitrogen, but was fully acceptable for soil irri-
gation within the confines of the experiment.  

For the irrigation of particular plants, the treated waste water was applied at 
suitable doses:  

Field 2 – willow – full single dose - 900 (mm), double dose - 1800 (mm), 
number of doses – 12, 

Field 5 – rape – full single dose - 400 (mm), double dose - 800 (mm), number 
of doses –10, 

Field 6 – grass mix – full single dose - 600 (mm), double dose - 1200 (mm), 
number of doses –10. 

10. METHODS  

Chemical analyses of N-NO3
-, N-NO2

-, N-NH4
+ and determinations of redox 

potential values (Eh) were performed on the following experimental material: 
soil, irrigation waste water, soil solutions, drainage waters.  

10.1. Sampling 

Soil solutions were taken from the particular depths (10, 30, 50, 70, 100 cm) 
by means of ceramic filters installed within the soil profile of each sampling pit. 
To establish the initial status, analyses of the concentration of mineral forms of 
nitrogen were made prior to the irrigations, and then, after the sowing/planting, in 
accordance with the irrigations cycle. Samples taken were transported to the labo-
ratory and stored as per the requirements of the relevant Polish Standards.  

For redox potential measurements, three platinum electrodes were permanently 
fixed at depths of 10, 30, 50, 70, 100 cm in each of the permanent soil pits.  

Eluates of drainage waters were taken from the individual outlets. The drain-
age system covered the whole area of fields from 1 to 7. Two types of drainage 
outlets were made – one for stepped collectors on the slope, and another for drain 
pipes with direct discharge to the drainage ditch. In plots B drainage wells were 
placed, collecting water from plots A and B. A single type of drainage well was 
adopted for the whole object - type S-1 with a diameter of 100 cm and a height of 
200 cm. 
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10.2. Redox potential measurement 

Redox potential measurements were made using a calomel electrode as the 
reference electrode with constant non-zero potential, well tested and accurately 
calibrated with relation to the standard hydrogen electrode (Malicki and Walczak, 
1983). Platinum electrodes were first carefully calibrated in the Michealis buffer 
(solution with constant redox potential of 176 mV). In the object under study, re-
dox measurements were taken using an Orion Ioanalyzer 404 portable apparatus. 
Due to temperature variations during the measurements, reference electrode po-
tential corrections were applied, assuming the values of 254, 251, 247 and 244 
mV for temperatures of 10, 15, 20 and 25oC, respectively.  

10.3. Determination of mineral nitrogen forms 

Determination of particular nitrogen forms in the material studied was performed 
with the help of the FIA-Star 5010 flow-through spectrophotometric analyser made 
by Foss Tecator:  

Determination of N-NO3
- was made by passing the sample tested through a col-

umn filled with copper plated cadmium to reduce nitrates(V) to nitrates(III). Next, 
sulfanilamide was added to create diazo bonds. Diazo compounds, reacting with N-
(1-naphthyl)-ethylenediamine hydrochloride, yield diazo red whose absorbance was 
measured at wavelength of 540 nm.  

Determination of N-NH4
+

 consists in converting ammonium ions into gaseous 
ammonia. This is done by inserting the sample into the flow of 0.5 molar solution of 
NaOH. The emitted gaseous ammonia diffuses through the membrane to the indicator 
flow which is a weak organic acid. A well dissociated salt is formed, whose concen-
tration is proportional to the concentration of ammonium ions in the sample tested. 
The change in colour is measured at wavelength of 590 nm.  

11. RESULTS AND DISCUSSION 

11.1. Wastewater from the „Hajdów” treatment plant 

Treated wastewater from the „Hajdów” treatment plant, used to irrigate wil-
low, rape and grass mix, among others, are characterized by low variability of ba-
sic physicochemical parameters.  

Concentrations of nitrogen forms, especially of ammonium and nitrate(V) ni-
trogen, showed strong differentiation. The concentration of N-NH4

+ varies within 
the range of 1.1-7.1 g·m-3, while that of N-NO3

- varies from 20.2 to 38.4 g·m-3 
(Tab. 2).  
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Treated wastewater can supply biogenic substances in amounts equivalent to 
high-rate fertilization of the soil. The application of the optimum irrigation dose 
of 600 mm supplied at least 180 kg N·ha-1to the soil. In the field plots irrigated 
with the double dose the available amounts of fertilizer substances were twice as 
high (Final Report Ref. PBZ-31-03, 1998). 

11.2. The experimental object prior to experiment setting-up 

To characterize the initial status of the experimental object in the aspect of the 
parameters under analysis and the status of oxidation that were to be studied un-
der flooding conditions, measurements of the redox potential in the soil profile 
were taken at depths of 10, 30, 50, 70 and 100 cm and analysis was made of con-
centration of nitrogen ammonium form and nitrates(V) in soil solutions taken 
from the same depths. 

11.2.1. Transformations of the ammonium form 

Analysis of average concentration of N-NH4
+ for the whole analytical period 

(from April to October) showed significant differences between the upper hori-
zons in the soil profile (10, 30 cm) and the lower ones, i.e. 50-100 cm (Fig. 1). 
Distinctly lower average concentrations of ammonium ions were found at depths 
of 10 and 30 cm (0.48 and 0.40 g·m-3), which could have been related with the 
reaction of oxidation of NH4

+ to nitrate(V) ion in the process of nitrification. 
Higher concentrations of N-NO3

- at depths of 10 and 30 cm seem to support that 
suggestion (Section 10.2.2).  
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Fig. 1. Average N-NH4

+ (g m–3) concentrations in soil solution from spring to autumn 1996 period 
as a function of soil depth. Bars indicate 95% coincidence intervals 
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Increase in the concentration of N-NH4
+ at depths of 50 and 70 cm, where the 

average values were 2.83 and 2.63 g·m-3, respectively, could have been caused by 
anaerobic dissimilative reduction of NO3

- where the final product was N-NH4
+, by 

retardation of the process of nitrification, and by domination of processes of organic 
matter mineralization over processes of immobilization of NH4

+ by microorganisms, 
whose number – as a rule – drops with increasing depth into the soil profile. When 
the main product of nitrate reduction is ammonia, the process is called the fermenta-
tive reduction of nitrates (Fenchel and Blackburn, 1997). The process of dissimila-
tive reduction of NH4

+ can take place under the same conditions as denitrification 
proper, and then it becomes a competitor in the utilization of NO3

- (Tiedje, 1981). 
Generally, it can be stated that the rate of denitrification increases upon the addition 
of nitrates (Ambus and Lowrance,1991; Colbourn and Harper, 1987; Robertson et 
al.,1987; Ryden, 1983; Samson et al.1990; Vinther, 1984). The lower concentration 
of ammonium ions at the depth of 100 cm may, as in the case of the depths of 50 
and 70 cm, be related to the low biological activity of that area within the soil, as 
well as to the effect of dilution in ground water.  

11.2.2. Transformations of nitrates(V) 

At the depths of 50, 70 and 100 cm the soil was characterized by significantly 
lower concentrations of N-NO3

-, of 3.7; 5.5 and 1.9 g·cm-3, respectively (Fig. 2).  
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Fig. 2. Average N-NO3

- (g m–3) concentrations in soil solution from spring to autumn 1996 period 
as a function of soil depth. Bars indicate 95% coincidence intervals 
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Analysis of variance of the concentration of nitrates(V) in the soil profile 
showed significant differences between the upper horizons of the profile (10 and 
30 cm) and the soil layers at depths from 50 to 100 cm (Fig. 2). The highest con-
centrations of nitrates(V) were found at the depth of 10 cm (average value of 40.6 
g·cm-3), somewhat lower at 30 cm (average value of 28.3 g·cm-3), i,e, in the zone 
of best oxidation of the soil and high microbial activity, including that of nitrifi-
ers. The considerable drop in the concentration of N-NO3

- at the depths of 50, 70 
and 100 cm, to the values of 3.70, 6.07 and 1.93 g·cm-3, respectively, could have 
been related with the dissimilative reduction of nitrates(V) with the involvement 
of enzymes of denitrification path, when under the conditions of low oxygen con-
centration there occurs an activation of reductases of the dissimilative path that 
use NO3

- as electron acceptors alternative with relation to O2 . In the view of many 
authors, microbes can use NO3

- as the principal electron acceptor for obtaining 
energy from organic compounds when low content of O2 retards their metabo-
lism; moreover, certain denitrifiers may simultaneously use oxygen and ni-
trates(V) or nitrates(III) as electron acceptors (oxic denitrification) (Robertson 
and Kuenen, 1990; , Zumft and Kuenen, 1990; Robertson and Kuenen, 1991; 
Granli and Bøckman, 1994; Włodarczyk, 2000). 

11.2.3. Process of nitrogen mineralization  

Figure 3 illustrates the process of nitrogen mineralization expressed as the ra-
tio between the average concentration of nitrate(V) ion to ammonium ion. The 
process was the most intense in the surface horizons of the soil profile, down to 
30 cm, with best soil oxidation, where the process of nitrification of ammonium 
ion was the most intensive. Somewhat higher mineralization of N took place at 
the depth of 30 cm, which could have been related to slightly higher soil moisture 
content compared to the surface horizon of soil without vegetation.  

Lower biological activity at the three depths from 50 to 100 cm and poorer 
aeration conditions at the depths of 70 and 100 cm were reflected in much nar-
rower NO3

-/NH4
+ ratio as compared to the depths of 10 and 30 cm. This probably 

resulted from distinctly restricted nitrification and continuous ammonification and 
was accompanied with increasing concentration of N-NH4

+ and a decrease of N-
NO3

-, which clearly indicates inhibition of the process of nitrification with ongo-
ing process of decomposition of organic matter in the process of ammonification. 
Insufficient oxygen diffusion below 50 cm, caused e.g. by higher moisture con-
tent, could result in inhibition of nitrification which is a distinctly oxic process. 
This hypothesis finds supporting evidence in the decrease of the value of redox 
potential that will be discussed in detail in section 10.5.1). Low value of redox 
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potential can suggest the beginning of the process of denitrification of NO3
- ion to 

N2O and N2. 
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Fig. 3. Average ratios of initial N-NO3– to N-NH4+ concentrations in soil solution of profile at 
various depths (10, 30, 50, 70 and 100 cm) from spring to autumn 1996 period 

11.3. Nitrogen transformations in fields irrigated with wastewater after 2nd 
stage of treatment  

In 1996, following engineering work involved in the adaptation of the object for 
the experiment, there was a notable decrease in the water filtration index of the soil. 
Deterioration of the filtration properties of soil affected virtually the whole experi-
mental object, with the exception of soil in the 20-40 cm horizon in plots 5B, 5C 
and 7A, where an improvement in that respect was observed. The very strong drop 
in water permeability and its high statistical variation were probably determined by 
changes in the structure and the physical condition of the soil. There occurred shift-
ing and mixing of the soil material, as well as its considerably drying and oxidation; 
the natural structure of the soil was destroyed, and the system of soil capillaries was 
sheared and shifted (Final Report Ref. PBZ-31-03, 1998).  

Comparative analysis of ammonium form concentration in the soil prior to the 
setting-up of the experiment and during the first year of the study (Tab. 3 and 4) 
showed that it dropped by half in 1997 when the average concentration of N-NH4

+ 
for the whole profile from three control plots of the field was 0.65 g N·m-3, while 
the initial average concentration of the analysed ion in 1996 equalled 1.43 g N·m-3. 
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Table 3. Average concentrations of nitrogen forms and values of Eh in 1996 in the soil profile at 
particular depths. 

Depth (cm) 
N-NH4 (g m-

3) 
N-NO3 (g m-

3) 
N-NO3/N-NH4 Eh (mV) 

10 0,48 40,59 92,73 418 
30 0,40 28,30 111,79 454 
50 2,83 3,70 1,48 480 
70 2,79 5,51 3,50 222 
100 1,09 1,93 1,91 60 
Average 1,43 16,0 42,28 327 
 
In 1997 a notable decrease of native nitrates (V) could be observed as com-

pared to 1996 (Tab. 3 and 4) when their average concentration in the profile ex-
ceeded 16 g N·m-3, while in the first year of the experiment the average concentra-
tion of N-NO3

- in the control plots (A) for the three plants under analysis was ap-
proximately 4.5 g N·m-3. Probably, the change in the filtration properties of the 
soil and in its physical condition resulted in the decrease in the concentration of 
nitrate(V) form.  

Detailed analysis of the transformations of all nitrogen forms was made on the 
basis of their concentrations for all irrigations made in 1997, after 3 hours, and 2 
and 7 days from the application of wastewater on the fields with willow, rape and 
grass mix, as an effect of their influence on the soil environment.  

In parallel to the determination of concentrations of various forms of nitrogen in 
the soil solution at various depths in the soil profile, analysis was made of the concen-
tration of the ions analysed in drainage waters. The objective of that work was to de-
termine the applicability of the soil and the plants as an additional filter for wastewa-
ter purification, and to monitor changes in the concentration of N compounds in time.  
Table 4. Average concentrations of nitrogen forms and values of Eh in control plots (A) for particu-
lar plants in the first year of the study 

 Depth 
(cm) 

N-NH4 
(g m-3) 

N-NO3 
(g m-3) N-NO3/N-NH4 

Eh 
(mV) 

1 2 3 4 5 6 
10 1,89 4,56 2,41 440 
30 0,96 4,05 4,22 460 
50 1,34 6,69 4,99 490 
70 1,26 6,29 4,99 160 
100 0,31 3,15 10,16 -170 
Average 1,15 4,94 5,35 276 

Willow 

Drainage waters 0,58 2,51 4,33 - 
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Table 4. Continued 

1 2 3 4 5 6 
10 0,18 7,11 39,5 414 
30 0,22 4,04 18,36 396 
50 0,61 3,26 5,34 397 
70 0,31 3,15 10,16 97 
100 0,12 3,01 25,08 96 
Average 0,28 4,11 19,68 280 

Rape 

Drainage waters 0,41 2,78 6,78 - 
10 0,24 4,9 20,41 491 
30 0,96 7,98 8,31 474 
50 0,88 3,46 3,93 420 
70 0,31 2,95 9,51 54 
100 0,16 2,49 15,56 -86 
Average 0,51 4,35 11,54 270 

Grass mix 

Drainage waters 0,41 2,33 5,68 - 
 
Additionally, a statistical analysis was made, in which the results from three 

years of the experiments were used as the basis for the identification of general 
characteristics and trends in nitrogen transformations and redox potential in or-
ganic soil subjected to periodic flooding and drying.  

11.3.1. Nitrogen transformations in the field with willow (Field 2) 

11.3.1.1. Transformations of ammonium form 

1997 year 
Average concentration of ammonium nitrogen in the first year of the experi-

ment in the control plot (A) varied from 1.89 to 0,31 g N·m-3 at depths of 10 and 
100 cm, respectively (Tab. 4), usually decreasing with successive depths down 
the soil profile. Relatively low concentration of N-NH4

+ was found at the depth of 
30 cm, likely related to the structure of the root system of willow and to more in-
tensive uptake of ammonium nitrogen in that part of the soil profile.  

Analysis of ammonium nitrogen concentration in samples of soil solution 
taken 3 hours after flooding the fields with treated wastewater (Fig. 4) showed a 
higher value at the depth of 50 cm as compared to 10 and 30 cm. In plot (C) 
(treated with double dose of wastewater) the concentration of ammonium nitrogen 
at the depth of 10 cm increased about 4-fold as compared to plots (B). The initial 
concentration of the ammonium form measured 3 hours after the application of 
wastewater at the depth of 10 cm varied from 1.23 (plot B) to 4.67 g·m-3 (plot C) 
with average concentration of N-NH4

+ in the wastewater being ~ 4 g·m-3.  
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Fig. 4. N-NH4

+ concentrations (g m–3) in soil solution during 7 days after flooding under willow 
(field 2) in a control plot A and as dependent on the wastewater dose (single B and double C) 

In the field irrigated with the single dose of wastewater, observations after 2 and 
7 days showed an untypical distribution of concentration of N-NH4

+ down to the 
depth of 50 cm, manifest by an increase caused, perhaps, by increased biological 
sorption and – partly – by physical sorption in the upper part of the soil profile. A 
decrease of N-NH4

+ concentration occurred at the depths of 70 and 100 cm, which 
could be related to the effect of wastewater dilution with ground waters.  

A clear tendency of ammonium nitrogen content to decrease down the soil 
profile was observed 3 days after the application of wastewater irrigation in plot 
(C). After the second day from the moment of flooding the differences in concen-
tration between particular depths in the profile were only slight.  
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Fig. 5. N-NH4+ concentrations (g m–3) in drainage water during 7 days after flooding under willow 
(field 2) in a control plot A and as dependent on the wastewater dose (single B and double C) 

Figure 5 presents the concentrations of NH4
+ ion in drainage waters with rela-

tion to the time of application and the dosage used. In the case of the field with wil-
low, both the dosage of wastewater and the time of application had an effect on the 
concentration of ammonium ion in the drainage waters. The highest concentration 
of N-NH4

+ in the field with single irrigation dose was observed on day two, while in 
the case of double dosage already after 3 hours from the moment of application, 
which means that the time of wastewater filtration in the case of the field with wil-
low is inversely proportional to the dosage. After 7 days from application, the con-
centration of N-NH4

+ distinctly drops as compared to day two.  
In the case of plot (B), concentration of ammonium ion exceeds the back-

ground value only on day two from application of irrigation, while in plot (C) it 
drops below the value in the control only on day seven. It seems that in the case 
of the analysed ion the single dose of wastewater does not affect the water envi-
ronment too drastically. With relation to the amount introduced with the wastewa-
ter, the concentration of NH4

+ decreases from 3 to 10-fold. 
 
1997-1999 years 
Figures 6a, b, c, d, e present analysis of variance of the concentration of N-

NH4
+ in field 2 (willow) on the basis of results obtained in the years 1997-1999.  
Figure 6 a presents average concentration of ammonium ion with relation to 

the irrigation dosage. As a result of 3 years of application of wastewater irriga-
tion, in the field with willow an approximately two-fold drop was observed in the 
concentration of ammonium ion as compared to the control. This indicates a nota-
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ble cumulation of NH4
+ ion in non-irrigated soil, while its concentration in plots B 

and C remains at a level close to the concentration of N-NH4
+ introduced from 

wastewater (~ 4 g N·m-3) as a resultant of N transformations under the conditions 
of variable availability of oxygen.  

 

 
Fig. 6. Average N-NH4

+ (g m–3) concentration in soil solution under willow (field 2) as dependent on 
wastewater dose (a), soil depth (b), time after flooding (c), season of the year (d), and years of ex-
periment (e). Bars indicate 95% coincidence intervals 
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Figure 6 b presents average concentration of N-NH4
+ with relation to depth, 

where, unfortunately, from 50 cm an increase in the concentration of ammonium 
ion is observed, similar to the concentration of the analysed ion brought in with 
the wastewater. The results obtained indicate that in the field with willow ammo-
nium ion is subject to the most intensive transformations related to biochemical 
processes and to its uptake by plants down to the depth of 30 cm.  

Figure 6c presents average concentration of N-NH4
+ in the function of time of 

filtration with a clear downward trend towards the level of concentration in the 
wastewater, though the trend is not statistically significant. This fact is evidence 
for ammonium ion utilization by plants and microbes, and for its facility of enter-
ing into biochemical reactions.  

Figure 6d presents concentration of N-NH4
+ with relation to the season of the 

year, i.e. conditions related to temperature, moisture, plant development phase, 
biological activity of the soil. A certain slight cumulation of ammonium ion was 
observed in the summer season, indicating a slowing-down of biochemical proc-
esses involving N-NH4

+. 
Figure 6e presents the effect of time on the concentration of ammonium ion. Data 

shown indicate a clear tendency for the concentration of N-NH4
+ to increase in annual 

periods, especially between 1998 and 1999 when the concentration of ammonium ion 
increased over two-fold, mainly as a result of wastewater application.  

11.3.1.2.Transformations of nitrate(V) form 

1997 year 
Figure 7 presents concentrations of nitrates(V) in the control plot (A) and in 

plots (B and C) in the period from 3 hours till 7 days after the application of irri-
gation under willow. A slight accumulation of nitrates(V) in soil solution from the 
control plot was observed at the depths of 50 and 70 cm, which may be related to 
lower biological sorption of that part of the soil. Average concentrations of N-
NO3

- in the soil profile are approximately 5 g·m-3, with the highest concentration 
recorded at the depth of 50 cm, equal to 6.69 g·m-3 (Tab. 4). 

The introduction of wastewater distinctly modifies the chemical conditions of 
the habitat of plants and microbes. Average concentration of nitrate(V) form in-
troduced to the soil with the wastewater was about 29 g·m-3. 

Concentrations of N-NO3
- in soil solution similar to those in the wastewater 

were found, three hours after application, in plot (B) at the depth of 10 cm, and 
somewhat lower in plot (C). With increasing depth and the passage of time from 
wastewater application the concentration of nitrates(V) decreases.  
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Figure 8 presents the dynamics of transformation of various forms of nitro-
gen, expressed by the NO3

-/NH4
+ ratio.  
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Fig. 7. N-NO3
- concentrations (g m–3) in soil solution during 7 days after flooding under willow 

(field 2) in a control plot A and as dependent on the wastewater dose (single B and double C) and 
soil depth 
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Fig. 8. Ratios of N-NO3
– to N-NH4

+- concentrations (g m–3) in soil solution during 7 days after 
flooding under willow (field 2) in a control plot A and as dependent on the wastewater dose (single 
B and double C) and soil depth 

Under the conditions of the control plot of the field, the NO3
-/NH4

+ ratio is rela-
tively low and its maximum value exceeds 10 only by a small margin. The slightly 
higher value of the NO3

-/NH4
+ ratio at the depth of 100 cm may result not so much 

form the intensity of biological processes as from physical sorption of NH4
+ on soil 

colloids of the mineral part of the soil, clearly observable in that part of the profile as 
opposed to the organic soil dominant in the upper horizons of the profile.  
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The strongest intensity of nitrogen transformations was observed in plot (B), 
with a notable slowing-down of the processes of nitrogen mineralization in plot 
(C). The double dose of wastewater causes unfavourable changes to the aeration 
conditions in the soil, and those have a special importance in the process of nitri-
fication. This is clearly reflected in the greater dynamics of N transformations in 
plot (B). With the passage of time, the column of wastewater traversing the soil 
profile causes reoxidation of the soil, a process that is manifested in amplification 
of processes of oxidation of NH4

+ to NO3
-, especially intensive at the depth of 10 

cm after days 2 and 7. At the other depths this phenomenon can be observed after 
7 days. Similar tendencies were also observed in plot (C), though they were ex-
pressed by a clearly narrower NO3

-/NH4
+ ratio.  

Figure 9 illustrates the concentration of N-NO3
- in drainage waters with rela-

tion to the time of filtration and irrigation dosage in the field with willow. The 
highest concentrations of nitrates(V) in drainage waters were found after 3 hours 
from wastewater application, which provides supporting evidence for the mobility 
of the ion in the soil profile. On subsequent days of analysis, the concentration of 
the ion decreased slightly. The dosage of wastewater had practically no greater 
influence on the concentration of N-NO3

- in drainage waters. 
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Fig. 9. N-NO3

– concentrations (g m–3) in drainage water during 7 days after flooding under willow 
(field 2) in a control plot A and as dependent on the wastewater dose (single B and double C) 

The high concentration of nitrates(V), several times higher than in the control 
object (over 4-fold), persists for a period of 7 days from the moment of wastewa-
ter application. However, it never exceeded the value of 15 g N·m-3 i.e. the limit 
value accepted in the European Union. With relation to the amount of 
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N introduced from the wastewater, the concentration of N-NO3
- decreased on av-

erage by a factor of 2 to 2.5. 
 
1997-1999 years 
Figures 10a, b, c, d, e present analysis of variance of the concentration of N-

NO3
- in field 2 (willow) on the basis of results obtained in the years 1997-1999. 
Data in figure 10 a show that the average concentration of nitrate (V) ion, 

much more mobile than the NH4
+ ion, increased in plots (B and C) with relation to 

plot (A) due to the application of wastewater. It should also be mentioned that 
there was a slight increase in the concentration of N-NO3

- ion also in the control 
plot, as compared to the 1st year of the experiment (1997), from 4.94 g N·m-3 
(Tab. 4) to 6.27 g N·m-3 – the average value of nitrates(V) concentration for three 
years of the experiment. This could have been caused, among other things, by an 
improvement of the physical properties of the soil with respect to 1997 when the 
deteriorating effect of engineering work on N-NO3

- transformations could be the 
strongest. The average maximum concentration of nitrate ion observed in plot (C) 
– 10,16 g N·m-3, was lower by almost 20 g N·m-3 than the load of nitrates(V) in-
troduced with the wastewater (about 29 g N·m-3), which shows that the ion was 
subject to strong transformations under the conditions of the field with willow.  

Figure 10 b shows a clear decreasing tendency of the concentration of ni-
trate(V) ion with increasing depth. This relation supports earlier suggestions that 
higher concentration of N-NO3

- in the surface horizon of the soil may be strongly 
affected by the process of nitrification whose intensity decreases with increasing 
depth, which – in the case of field 2 – entails simultaneous decrease in the con-
centration of the NH4

+ ion (Fig. 6b) at 30 cm. The lower concentration of ni-
trate(V) ion below the depth of 70 cm, in spite of its high mobility, may be related 
to the effect of dilution by ground waters.  

Analysis of the average concentration of nitrate ion with relation to the dura-
tion of wastewater effect (Fig. 10c) shows a decrease in the concentration of N-
NO3

- between days 0 and 2, and a significant increase up to day 7 of the experi-
ment. Probably, the increase is related to an improvement in the air-water rela-
tions in the soil and intensification of the process of nitrification.  

Figure 10d presents average concentration of N-NO3
- in the function of the 

season of the year which, when considered against the concentration of N-NH4
+ 

(Fig. 6 d), shows that the higher concentration of nitrates(V) in spring could be 
related with an intensification of the process of nitrification of ammonium ion in 
that period.  

Figure 10 e indicates a distinct accumulation of N-NO3
- ion in the soil solu-

tion in 1998, which may suggest an effect of climatic conditions in comparison to 
1997 and 1999. 



 
 
 

57 

 

 
Fig. 10. Average N-NO3

– (g·m–3) concentration in soil solution under willow (field 2) as dependent 
on wastewater dose (a), soil depth (b), time after flooding (c), season of the year (d), and years of 
experiment (e). Bars indicate 95% coincidence intervals 
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11.3.2. Nitrogen transformations in the field with rape (Field 5) 

11.3.2.1. Transformations of the ammonium form 

1997 year 
In the first year of the experiment, average concentration of ammonium nitro-

gen in the field with rape not irrigated with wastewater was low and only slightly 
exceeded the value of 0.61 g N·m3 at the depth of 50 cm, decreasing to 0.12 g 
N·m3 at the depth of 100 cm (Tab. 4). 

Analysis of N-NH4
+ concentration in soil solution after 3 hours from wastewa-

ter application showed the highest value at the depth of 10 cm in plots (B) and (C) 
alike (Fig. 11).  
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Fig. 11. N-NH4

+ concentrations (g m–3) in soil solution during 7 days after flooding under rape 
(field 5) in a control plot A and as dependent on the wastewater dose (single B and double C) 
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A slightly higher concentration of ammonium form at the beginning was 
found in plot (C). In the other horizons of the soil profile the concentration of N-
NH4

+ decreased with depth. The initial concentration of ammonium form in plots 
(B and C) varied from 3.16 to 3.87 g N·m-3, respectively.  

On the remaining analytical days, the dynamics of N-NH4
+ concentration in 

plot (B) was clearly influenced by the time necessary for the wastewater to pene-
trate down the profile. Systematic decrease in the concentration of ammonium 
form was observed only at the depth of 10 cm. In all other cases, on day two from 
irrigation there was an increase in the concentration as compared to the initial 
day. With the double dose of wastewater, where the process of filtration could 
take place within a shorter time, the phenomenon was observed only down to the 
depth of 30 cm.  

Figure 12 presents the concentration of N-NH4
+ ion in drainage waters with 

relation to the dosage of wastewater and to the duration of its effect. In the case of 
the field with rape, there was a notable effect of the dosage of wastewater on the 
concentration of ammonium ion in drainage waters. With the single dose of 
wastewater, the concentration of the ion analysed increased up to day 7, which 
was probably related to the filtration properties of the soil. With the double dose, 
the concentration of N-NH4

+ reached its maximum already on day two. The 
amount of N-NH4

+ with relation to the native ammonium form increases more 
than two-fold, and the period of 7 days is insufficient for the concentration to re-
turn to the initial level. However, the concentration of N-NH4

+ drops by a factor 
of 4 to 5 with relation to the amount introduced with the wastewater.  
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Fig. 12. N-NH4

+ concentrations (g m–3) in drainage water during 7 days after flooding under rape 
(field 5) in a control plot A and as dependent on the wastewater dose (single B and double C) 
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11.3.2.2. Transformations of nitrate(V) form 

Figure 13 illustrates the distribution of N-NO3
- concentration within the whole 

soil profile with relation to the irrigation dosage applied and to the days of irriga-
tion. The highest concentration of nitrates(V) in the control plot was found at the 
depth of 10 cm (7.11 g N·m-3), and the lowest at the depth of 100 cm (3.01 g N·m-

3), with a clear tendency to decrease with depth (Tab. 4). 
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Fig. 13. N-NO3
–concentrations (g m–3) in soil solution during 7 days after flooding under rape (field 

5) in a control plot A and as dependent on the wastewater dose (single B and double C) 
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The addition of wastewater to the soil in the field with rape had a similar effect 
on the dynamic of nitrate(V) nitrogen transformations. The initial concentration of 
N-NO3

- for both irrigated plots was about 27 g N·m-3 and decreased with time and 
with depth, with a slightly higher dynamics of changes in plot (B) (Fig. 13). 

Figure 14 presents the concentration of N-NO3
- in drainage waters from the 

field with rape, with relation to the irrigation dosage applied and to the day of ir-
rigation. The mobile nitrate(V) ions reached their maximum concentration in the 
drainage waters after three hours from wastewater application. Their concentra-
tion decreased with time and on day 7 reached a value equal to less than half of 
the initial concentration. Analysis of the data shows that the concentration of the 
ion in question in the drainage waters increased maximally by almost a factor of 5 
(2 days after irrigation), on day 7, however, reaching a concentration less than 
double that of the control. No clear effect was observed on the irrigation dosage 
on the concentration of nitrate(V) ion in the drainage waters. Considering the av-
erage concentration of N-NO3

- in the wastewater, its content in the drainage water 
decreased by a factor of from 2 to 5.  
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Fig. 14. N-NO3

– concentrations (g m–3) in drainage water during 7 days after flooding under rape 
(field 5) in a control plot A and as dependent on the wastewater dose (single B and double C) 

The dynamics and direction of nitrogen transformations are presented in fig-
ure 15. The value of the NO3

-/NH4
+ ratio in the control plot decreases down to the 

depth of 50 cm, which may be related to changes in the aeration conditions in the 
soil and to the slower oxidation of the ammonium form to NO3

- in the process of 
nitrification. The high ratio of NO3

-/NH4
+ in the soil layer under analysis (down to 

30 cm) may result from easier biological sorption of ammonium rather than ni-
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trate form, as in the uptake of the latter additional energy is necessary for the 
reduction of the nitrate ion to the reduced form.  
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Fig. 15. Ratios of N-NO3

– to N-NH4
+- concentrations (g m–3) in soil solution during 7 days after 

flooding under rape (field 5) in a control plot A and as dependent on the wastewater dose (single B 
and double C) 

Therefore, on the one hand, good oxidation is conducive to ammonium ion ni-
trification, and on the other facilitates its utilization by plants and microbes for the 
formation of proteins. But the increase of the ratio from the depth of 70 cm is 
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probably related to increased sorption of NH4
+ on soil colloids and to lower mi-

crobial activity (weaker proteolysis and ammonification), and to the lower mobil-
ity of ammonium ion in the soil profile with precipitation waters as opposed to the 
nitrate(V) ion, characterized by very high mobility.  

Introduction into the soil environment of excessive amounts of water in the 
form of wastewater radically modifies the habitat of plants and microbes. Much 
greater disproportions in favour of nitrate(V) ion were noted in plot (B) as com-
pared to plot (C) where the ratio was more balanced irrespective of depth or the 
factor of time. Increasing ratio ofNO3

-/NH4
+ with the passage of time in plot (B) 

down to the depth of 10 cm indicates an improvement in oxidation conditions 
with lowering wastewater table in the soil profile. This type of a tendency is ob-
servable only to a slight degree at the depth of 30 cm. The drastic drop in the con-
tent of the ammonium form to the depth of 50 cm (13-fold as compared to 10 cm) 
and only two-fold decrease in the content of the nitrate(V) form get reflected in 
the very high value of the NO3

-/NH4
+ ratio. A similar phenomenon, though on a 

lesser scale, was also observed in the case of the field with willow. Poor oxidation 
conditions suggest that the high value of the ratio cannot result from ammonium 
form transformations in the process of nitrification, but rather from the different 
susceptibility to sorption and the different mobility of the ions under analysis. The 
ratio narrows noticeably on day two from the irrigation with wastewater, and as-
sumes a value close to the average value of the NO3

-/NH4
+ ratio in the wastewater 

(7,25). This suggests that there occurred the process of saturation of the sorptive 
complex with NH4

+ ion. With the double dosage of wastewater (plot C), the proc-
ess can proceed much faster, which is expressed by a higher ratio between the 
oxidized form of nitrogen to the reduced form.  

11.3.3. Nitrogen transformations in the field with grass mix I (Field 6) 

11.3.3.1. Transformations of the ammonium form 

1997 year 
The highest average concentration of ammonium form in the first year of the 

experiment on the control plot was found at the depth of 30 cm (0.96 g N·m-3), and 
the lowest at 100 cm (0.16 g N·m-3) (Tab. 4). Distinctly lower concentration of am-
monium ion in the surface part of the soil profile (10 cm) could be related to more 
intensive uptake of ammonium N by the root system of the grasses (Fig. 16). 
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Fig. 16. N-NH4

+ concentrations (g m–3) in soil solution during 7 days after flooding under grass mix-
ture (field 6) in a control plot A and as dependent on the wastewater dose (single B and double C) 

Wastewater irrigation in the single and double doses has its reflection in the 
content of the ion analysed in soil solutions taken from plots (B and C). The addi-
tion of wastewater caused an increase in the concentration of ammonium ion to 
3,87 and 4,82 g N·m-3, respectively for plots (B and C) for the depth of 10 cm, i.e. 
almost four- and five-fold as much as the native concentration of ammonium form 
in the control plot. A somewhat lower increase was observed at depths below 10 
cm in the soil profile. In the initial stage of wastewater effect on the soil and the 
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grasses only a slightly higher concentration of NH4
+ was observed at the depth of 

10 cm; at the other depths the concentration of ammonium ion was very much 
similar in both plots. Considerably greater differences in the concentration of the 
ion under analysis were observed on the second day from flooding, especially at 
depths down to 30 cm.  

This supports the earlier supposition that the decrease in the concentration of 
ammonium ion at the lower dose of wastewater results, among other things, from 
the process of nitrification, its fixing in the sorptive complex of the soil, and im-
mobilisation by plants and microbes.  
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Fig. 17. N-NH4

+ concentrations (g m–3) in drainage water during 7 days after flooding under grass mix-
ture (field 6) in a control plot A and as dependent on the wastewater dose (single B and double C) 

Concentration of ammonium ion in drainage waters under grass mix is pre-
sented in figure 17 with relation to wastewater dosage. A higher concentration of 
the NH4

+ ion was noted in plot (B), where it remained on a fairly stable level from 
the 3rd hour after irrigation till the second day. On day 7 the concentration of N-
NH4

+ dropped nearly by half. This fact may be related to the distinctly higher in-
dex of filtration of plot (B) as compared to that of plot (C). In the case of the lat-
ter, the concentration of ammonium ion in the drainage waters remained stable on 
a relatively high level for a period of seven days. The higher level of the NH4

+ ion 
in the drainage waters with relation to the control varied within the range from 3-
fold to 1.5-fold. However, taking into consideration the amount of N-NH4

+ ions 
introduced with the wastewater, their concentration in the drainage waters 
dropped from 3- to 6-fold.  

 
1997-1999 years 
Figure 18a illustrates the effect of wastewater dosage applied – single and double 

– on the concentration of the N-NH4
+ ion in the soil solution. Analysis of variance did 
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not show any significant effect of wastewater dosage on the concentration of ammo-
nium ion, though an increase in the concentration was observed, proportional to the 
wastewater charge. With relation to the initial condition of 1997 (Tab. 4), the average 
concentration of N-NH4

+ in the spectrum of the three years of the experiment in-
creased two- to three-fold in plots A and C, respectively.  

 

 
Fig. 18. Average N-NH4

+ (g m–3) concentration in soil solution under grass mixture (field 6) as de-
pendent on wastewater dose (a), soil depth (b), time after flooding (c), season of the year (d), and 
years of experiment (e). Bars indicate 95% coincidence intervals 

Figure 18b presents average concentration of the N-NH4
+ ion in the function 

of depth. Statistical analysis did not reveal any significant differences in the con-
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centration of ammonium ion, but an increase in the concentration could be ob-
served down to the depth of 30 cm. At all the depths, cumulation of N-NH4

+ was 
observed with relation to the initial level (1997), the highest at the depths of 100 
and 10 cm, from 7- to 8-fold, respectively. 

Diurnal average concentration of ammonium ion under the grass mix is presented 
in figure 18c. Analysis of variance did not show any significant differences between 
the particular analytical days, though on day two of wastewater effect a decrease in 
the concentration was noted. On analytical day seven, the concentration of N-NH4

+ 
increased a little above the initial level, which could be related to favourable condi-
tions for organic matter mineralization under the conditions of field 6.  

The effect of the season of the year on the average concentration of NH4
+ ion 

is presented in figure 18d. Like in the case of the field under willow, a signifi-
cantly greater concentration of the analysed ion was observed in the summer, as 
compared to the spring. It is to be supposed that under the conditions of the ex-
periment the process of mineralization of the ammonium form was more intensive 
in spring than in the summer.  

Figure 18e presents the average concentration of ammonium ion in the func-
tion of time. Analysis of variance showed a significant drop in the concentration 
of N-NH4

+ in the course of three years of wastewater application, from the level 
of 2.41 (1997) to 0.35 g N·m-3 (1999), a value that is also lower than the initial 
concentration (Tab. 4). 

11.3.3.2. Transformations of nitrate(V) form 

1997 year 
Figure 19 illustrates the distribution of nitrate(V) form concentration within 

the whole soil profile with relation to wastewater dosage. The native content of 
nitrates(V) varied from 2.49 to 7.98 g N·m-3, respectively for the depths of 100 
and 30 cm (Tab. 4). Somewhat lower concentration of N-NO3

- occurred at the 
depth of 10 cm (like in the case of the ammonium form), which should be as-
cribed to intensive development of the root system of the grasses in that part of 
the soil profile, especially in the first year of cultivation.  

The application of wastewater caused a similar effect on the dynamics of 
transformations of nitrate(V) nitrogen irrespective of the dosage, with the excep-
tion of its initial concentration at the depth of 10 cm (Fig. 19). Comparison of N-
NO3

- concentration within the whole period of wastewater effect on the soil and 
plants, as well as in the soil profile between single and double dosage, suggests 
that in the case of the grass mix the amount of nitrogen(V) introduced does not 
play any significant role in its transformations.  
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Fig. 19. N-NO3

–concentrations (g m–3) in soil solution during 7 days after flooding under grass mix-
ture (field 6) in a control plot A and as dependent on the wastewater dose (single B and double C) 

Figure 20 presents the ratio of concentration of N-NO3
- to N-NH4

+ in the field 
with the grass mix. A relatively strong dynamics of ammonium nitrogen transfor-
mations was characteristic of the control field, where the ratio analysed decreased 
with depth down to 50 cm, which could be related to a decrease in the intensity of 
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the process of nitrification with decreasing soil oxidation. The reversed trend – in-
crease of the ratio down to 100 cm – could be due to similar causes as in the case of 
the field with rape (Section 10.3.2). In the initial stage of its presence in the soil, the 
application of wastewater results in a narrowing of the values of the ratio, fre-
quently below the average value for wastewater (~7). The strongest dynamics of 
mineralization of nitrogen was observed in plot (B), down to the depth of 30 cm, 
especially on the second day from application. At the other depths in plot (B) the 
intensity of nitrogen transformations was low. It appears that, except for the depths 
down to 30 cm in plot (B), the application of wastewater strongly inhibits nitrogen 
transformations as compared to the control plot.   
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Fig. 20. Ratios of N-NO3

– to N-NH4
+- concentrations (g m–3) in soil solution during 7 days after 

flooding under grass mixture (field 6) in a control plot A and as dependent on the wastewater dose 
(single B and double C) 
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Figure 21 presents the concentration of N-NO3
- in the drainage waters with re-

lation to wastewater dosage. The mobility of nitrates(V) caused that already after 
3 hours from the moment of wastewater application their maximum concentration 
was observed, proportionally to the amount of wastewater applied. On day seven 
of the experiment, the concentration of N-NO3

- dropped three-fold, and taking 
into consideration the amount of nitrates introduced with the wastewater, the con-
centration of N-NO3

- decreased by a factor of six.  
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Fig. 21. N-NO3

– concentrations (g m–3) in drainage water during 7 days after flooding under grass mix-
ture (field 6) in a control plot A and as dependent on the wastewater dose (single B and double C) 

 
1997-1999 years 
Figure 22a illustrates average concentrations of nitrate(V) ion with relation to 

wastewater dosage, where an increase of concentration is observed, proportional 
to the wastewater dosage, though statistically insignificant. Average concentra-
tions of nitrates(V) in field plots with single and double doses of wastewater var-
ied from 19.8 to 23,2 g N·m-3, respectively. Noteworthy, however, is the high av-
erage concentration of the analysed N-NO3

- ion in the control plot, where its con-
centration (17,9 g N·m-3) exceeds almost four-fold the initial value from the be-
ginning of the experiment. This indicates a high contribution of the plants and 
microbes in N transformation in the field in question.  

Figure 22b illustrates the distribution of average concentration of nitrates(V) 
in the soil profile.  

The concentration decreases with depth, indicating significant differences be-
tween the surface horizon of the soil and the deeper horizons. From 50 cm, the dif-
ferences do not exceed 3 g N·m-3. The high concentration of nitrates(V) at the depth 
of 10 cm, higher than the average concentration of N-NO3

- in wastewater (~29 g 
N·m-3), suggests a high nitrification activity of the field under the grass mix.  
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Figure 22c presents the concentration of nitrate(V) ion in the function of time 
expressed in days of irrigation, where its significant effect is observed on the sec-
ond day since the application of wastewater. Increase above 30 g N·m-3 indicates 
intensified process of nitrification on the second day from fields irrigation with 
wastewater. The abrupt drop of N-NO3

- concentration observed on day 7 could be 
due both to dissimilative and to assimilative reduction, depending on the status of 
soil aeration. Bouwman (1990b) stated that there occurs NO3

- diffusion from oxic 
to anoxic areas, followed by its reduction. Therefore, in oxidized soils, there are 
simultaneous denitrification and autotrophic nitrification processes, combined wi-
th the production of N2O in various micro-spaces.  

 

 
Fig. 22. Average N-NO3

– (g m–3) concentration in soil solution under grass mixture (field 6) as de-
pendent on wastewater dose (a), soil depth (b), time after flooding (c), season of the year (d), and 
years of experiment (e). Bars indicate 95% coincidence intervals 
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Figure 22d presents the concentration of nitrate(V) ion in the function of the 
season of the year. The high concentration of the NO3

- ion in spring in combina-
tion with the low concentration of the NH4

+ ion (Fig. 18d) seems to support the 
hypothesis that under the conditions of field 6 under the grass mix, the process of 
oxidation of ammonium ion is more intensive than in the summer, which may be 
related to losses – through leaching - of the nitrogen introduced.  

Figure 22e presents the annual average concentrations of nitrate ion. Analysis 
of variance showed a significant difference in the concentration of N-NO3

- be-
tween 1998 and the other two years of the experiment. The concentration exceeds 
the value of concentration of NO3

- ions introduced with wastewater. A similar 
tendency was also observed in the case of field 2 (Fig. 10e), which suggests that 
the strongest effect on the concentration of nitrates(V) could be that of the 
weather, conducive to the accumulation of N-NO3

- in the soil profile. 

11.4. Comparative analysis of nitrogen transformations with respect to the 
plant grown  

In various environments, the availability of soil nitrogen in the form of NH4
+ or 

NO3
- differs greatly with relation to the environmental conditions that affect the trans-

formation of NH4
+ to NO3

- in the biological process called nitrification. For example, 
in the waterlogged soils of the tundra almost all nitrogen occurs in the form of NH4

+ 
(Barsdate and Aleksander,1975), while in deserts and in forests on the NO3

- form is 
of significance (Virginia and Jarrell, 1983; Nadelhoffer et al. 1984). 

Numerous species show a preference for NO3
-, although species occurring in 

areas where nitrification is slow or inhibited they often display increased growth 
with availability of NH4

+ ions (Haynes and Goh 1978; Adams and Attwill 1982; 
Falkengren-Grerup 1995).  

One of the adopted objectives of the study was to determine the contribution 
of plants in the process of wastewater purification after the 2nd stage of treatment. 
The subject of this work is the determination of the degree of depletion of the 
ammonium and nitrate(V) forms of nitrogen due to their transformations in the 
soil profile with relation to the depth in the profile, dosage of wastewater applied, 
and the plants grown. The problem applies specifically to the excess of nitrate(V) 
ion introduced to the soil environment with the wastewater.  

11.4.1. Transformations of the ammonium form 

1997 year 
Figure 23 presents the balance of N-NH4

+ transformations in the period from 
the 3rd hour to the 7th day after irrigation with wastewater, expressed in the form 
of reduction or increase in the amount of the analysed ion, in absolute values, for 
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the three plant species grown – willow, rape and grass mix – in the first year of 
the experiment.  
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Fig. 23. Changes in N-NH4

+ concentrations (g m–3) in soil solution expressed like a decrease or in-
crease after 7 days after flooding under willow (field 2), rape (field 5) and grass mixture (field 6) as 
dependent on the wastewater dose (single B and double C) 

Analysis of the results presented indicates a similarity of the character of 
transformations in the soil under willow and grasses, though in differing ranges of 
concentrations. The biggest reductions observed in the amount of ammonium ion 
were under the grass mix, at the depth of 10 cm. In that case the dosage of waste-
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water was of little significance only at the depth of 10 cm manifested in a slightly 
more pronounced drop in the concentration of ammonium ion. The effectiveness 
of the reduction decreases with depth, which is undoubtedly related with the lo-
wer biological activity in the lower parts of the soil profile.  

Of much greater importance in the process of ammonium ion sorption, when 
compared to rape and the grass mix, was the dosage of wastewater applied in the 
case of willow, where a much greater reduction in the amount of N-NH4

+ was ob-
served in the case of the double dose, especially at the depth of 10 cm. The ten-
dency decreased with depth. It seems that the structure of the root system could 
play a significant role in that process. The much more developed root system of 
the grasses efficiently utilized both the wastewater doses. A totally different cour-
se of changes in ammonium ion concentration was observed in the soil under ra-
pe, where at single dose of wastewater the reduction in the amount of the ion was 
higher. In the case of rape cultivation, increase in the concentration of ammonium 
nitrogen was observed down from the depth of 50 cm, and in plot (C) already 
from 30 cm. The reasons for this phenomenon may be numerous, including the 
mineralization of organic mattrer in amounts exceeding biological sorption, as 
well as, in the case of deeper soil horizons, favourable conditions for the occur-
rence of dissimilative reduction of nitrates(V) and the production of the NH4

+ ion 
as the end product. 

11.4.2. Transformations of nitrate(V) form 

1997 year 
Figure 24 presents the balance of nitrogen transformations between the 3rd 

hour and the 7th day from irrigation, expressed in the form of reduction or in-
crease in the amount of nitrate(V) ion, in absolute values, for the fields with wil-
low, rape, and the grass mix irrigated with single or double doses of wastewater. 
Analysis of the results presented indicates that, in most cases included in the 
analysis, the reduction in the amount of nitrate(V) ion decreases with depth in the 
soil profile, proportionally do the concentration of nitrates(V) in the soil profile 
(Fig. 7). The strongest depletion of nitrates(V) in the whole profile was observed 
in the case of the field under the grass mix, somewhat weaker under rape – except 
at the depth of 10 cm, and the weakest in the case of willow. And considering the 
dosage of wastewater and its efficiency in wastewater purification, two trends can 
be identified. Better utilization of nitrates(V) introduced with the single dose of 
wastewater was observed in the fields under willow and grass mix, but only down 
to the depth of 50 cm, while in the case of rape a stronger reduction in the amount 
of N-NO3

- was observed with the double irrigation dose, whose utilization effi-
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ciency, as a rule, increases below the depth of 50 cm irrespective of the plants 
grown.  
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Fig. 24.  Changes in N-NO3

–concentrations (g m–3) in soil solution expressed like a decrease or 
increase after 7 days after flooding under willow (field 2), rape (field 5) and grass mixture 
(field 6) as dependent on the wastewater dose (single B and double C) 
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11.5. Redox potential of the experimental object 

The placement of electrodes in the soil profile permitted the observation of 
changes in the redox processes in the soil, expressed as Eh values, under the con-
ditions of natural environment of plant and microbial habitat. The values were a 
resultant of all the environmental factors under the conditions of soil flooding wi-
th wastewater.  

11.5.1. Dynamics of redox potential changes in the object prior to the irrigation  

Changes in the values of redox potential (Eh) reflect changes in oxygen content. 
A decrease in oxygen concentration in the soil profile entails a drop of the Eh value 
and the development of such microorganisms that can live under conditions of oxy-
gen deficit. Every biochemical process, including transformations of oxidized forms 
of nitrogen, takes place at specific values of the redox potential.  

 

 

-200

-100

0

100

200

300

400

500

600

700 50 cmc

 

Eh
 (m

V)

Eh
 (m

V)

Eh
 (m

V)

Eh
 (m

V)

Eh
 (m

V)

IV IV V V VI VII VIII IX IX X X IV IV V V VI VII VIII IX IX X X

IV IV V V VI VII VIII IX IX X X IV IV V V VI VII VIII IX IX X X

IV IV V V VI VII VIII IX IX X X

 
Fig. 25. Initial redox potential value in various profile depths (10, 30, 50, 70 and 100 cm) from 
spring to autumn 1996 period 
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Figure 25 a, b, c, d, e presents changes of redox potential values during the 
period under analysis, i.e. from spring (April) till autumn (October) within the 
whole soil profile (10-100 cm). The results obtained clearly indicate a drop in re-
dox potential values from spring till summer at all depths. The reason for this 
phenomenon is likely related to the higher soil moisture during the spring season, 
accompanied by temperature increase and rapid utilization of the accumulated 
organic matter. Intensified biochemical processes of aerobes and facultative an-
aerobes entail rapid depletion of oxygen in the soil, which is reflected in the drop 
of redox potential values.  

Lowered content of oxygen, the main acceptor of electrons in the process of aero-
bic respiration, activates microorganisms of the dissimilative path in which nitrates 
act as acceptors of electrons. Therefore, the drop in redox potential values is accom-
panied by a reduction in the content of nitrates in the soil solution (Section 10.2.2). 
This finds a reflection in the narrowing ratio of NO3

- / NH4
+ (Section 10.2.3). 

The largest drop in Eh values within the period from spring to summer was 
observed at the depth of 70 cm (Fig. 25d), where the drop was initially 660 mV, 
which supports our supposition that it was at that depth that the most intensive 
denitrification of nitrates took place. Improvement of aeration conditions at that 
depth between July and August entailed a violent growth of the Eh values, by as 
much as 526 mV. Another drop in the redox potential values, observed from 
summer till autumn, had a much gentler course and amounted to 263 mV, which 
could be related to the exhaustion of available organic matter.  

The least decrease in redox potential values in the spring-summer period was 
observed at the depth of 100 cm (287 mV), i.e. at the ground water table, which is 
related to the very low initial value of Eh (+164 mV) and the lowest biological 
activity at that depth.  

The highest initial value of redox potential was found at depths down to 10 
cm, i.e. the best oxidized zone in the soil (+635 mV). Within that layer and at 50 
cm the lowest drop in Eh values during the spring months was observed, not ex-
ceeding 390 mV. A much lower value of redox potential was found at the depth 
of 30 cm (∆ Eh ≈ 500 mV), which may result from poorer aeration and greater 
intensity of nitrogen mineralization processes as evidenced by the highest value of 
the NO3

-/NH4
+ ratio (Fig. 3) observed at that depth. 

Decrease in soil water content in the summer season, and therefore easier 
oxygen diffusion in the soil, cause a considerable increase in the value of Eh. The 
highest increase of redox potential in that period was observed at the depth of 30 
cm (by 537 mV), and the lowest at the depth of 10 cm (by 176 mV). Another drop 
in the value of redox potential can be observed in the months from the summer till 
October, but it was much more moderated. This could be related to slower oxygen 
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depletion by heterotrophic bacteria that utilize less readily available organic mat-
ter. In the upper parts of the soil profile (down to 50 cm), the decrease did not ex-
ceed 170 mV, while at the depth of 70 and at 100 cm the decrease in Eh values 
was about 300 and 400 mV, respectively. During that period there was, probably, 
intensive growth of autotrophic bacteria that include nitrifiers especially sensitive 
to oxygen deficit. This hypothesis is supported by the increase in the NO3

-/NH4
+ 

ratio, especially at the depth of 30 cm (Section 10.2.3), which indicates intensive 
nitrification of ammonium ion.  

Analysing the average values of Eh from the whole period of investigation, 
we can observe notable aeration deficit in the deepest part of the soil profile, i.e. 
at 100 cm. Values of Eh below 200 mV may suggest domination of anaerobic re-
actions over aerobic ones that periodically took place at depths from 30 to 100 
cm, but definitely for longest periods at the depth of 100 cm. The lowest average 
value of Eh was observed at the depth of 100 cm (Fig. 26).  
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Fig. 26. Average redox potential value from spring to autumn 1996 period as a function of soil 
depth. Bars indicate 95% coincidence intervals 

The value of redox potential at the depths of 70 and 100 cm was significantly 
lower than the Eh values at depths from 10 to 50 cm. That zone in the soil profile can 
be assumed to be an area of clear domination of anaerobic biochemical processes. 

11.5.2. Dynamics of redox potential changes during the 1st year of the experi-
ment on the example of fields under willow (Field 2), rape (Field 5) and 
grass mix (Field 6) 

Introduction of wastewater to the soil in amounts causing its total flooding 
causes radical changes in the water-air relations in the soil. As shown by research 
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by numerous authors (Gliński and Stępniewski, 1985; McKenney et al., 2001), 
under the conditions of soil flooding with water exhaustion of oxygen occurs 
within several hours, resulting in a variety of changes in the soil. In particular, the 
redox potential of the soil decreases, with the drop of Eh values below +300 mV 
being caused by reduction of the soil and successive activation of redox couples 
other than the O2/H2O system, e.g. NO3

-/NO2
- (Gliński and Stępniewski, 1985). 

As a result of oxygen content in the soil decrease below 1% (v/v), anaerobic 
microorganisms begin to dominate over aerobes. Gliński and Stępniewski (1985) 
conclude that soil flooding with water causes a gradual drop of redox potential 
until a certain fairly stable level is reached. The rate of the decrease and the value 
of Eh depend on the intensity of the process of reduction, determined by tempera-
ture and by the content of easily decomposable organic substrate and of oxidized 
inorganic compounds functioning as acceptors of electrons, including nitrates(V). 
The dynamics of redox potential changes was described on the example of three 
selected fields (2, 5 and 6) in the first year of the experiment. 

Figure 27 presents the change of redox potential after 3 hours, and two and 
seven days from the application of the single and double irrigation doses in fields 
under willow, rape, and grass mix. Redox potential in the control soil profiles was 
stabilized down to the depth of 50 cm and varied within the range from about 
+400 mV to +500 mV, i.e. in the range of aerobic oxidation of carbon (Tate III 
1995). At depths below 50 cm the value of Eh rapidly drops by 300 to 360 mV, 
reaching negative values close to the process of methanogenesis. Such a drastic 
drop of the redox potential is related with the appearance of ground water table at 
the depth of 50-60 cm. That is why the values of Eh at the depths of 70 and 100 
cm were relatively low and varied from +160 to –170 mV. 

Irrigation of the fields with the single and double doses of wastewater resulted 
in a change to the redox potential, with observable influence of the plants and of 
the ground water table on the values of Eh, which is especially evident in field 2 
(under willow) at depths down to 30 cm. Analysis of changes in the aeration 
status in plots A, B, C down to the depth of 30 cm on the 3rd hour showed a 
slightly higher value of Eh in the combinations with irrigation than in the control 
plot (A), which may be related with the lower ground water table (70 cm) in plots 
B and C and with better aeration of the upper part of the soil profile as compared 
to the control object. In the lower parts of the soil profile of field 2, at the depths 
of 50 and 70 cm, the value of Eh decreased in plots B and C with relation to the 
control. In the other cases analysed (fields 5 and 6), redox potential measured 
down to the depth of 50 cm was lower in plots B and C with relation to the con-
trol, which may also be related to the different levels of ground water table in the 
objects studied and to the process of wastewater application on the soil.  



80 

  
Willow

-300

-200

-100

0

100

200

300

400

500

600

700

10 30 50 70 100 10 30 50 70 100 10 30 50 70 100

A B C

3 hours

2 days

7 days

Rape

-300

-200

-100

0

100

200

300

400

500

10 30 50 70 100 10 30 50 70 100 10 30 50 70 100

A B C

Grass mixture

-200

-100

0

100

200

300

400

500

600

10 30 50 70 100 10 30 50 70 100 10 30 50 70 100

A B C

Depth
(cm)

Plots

E
h 

(m
V

)
E

h 
(m

V
)

Eh
 (m

V
)

3 hours

2 days

7 days

3 hours

2 days

7 days

Depth
(cm)

Depth
(cm)

Plots

Plots

 
Fig. 27. Redox potential value in various profile depths (10, 30, 50, 70 and 100 cm) as dependent on 
the wastewater dose (A - control, B – single dose, C – double dose), time after flooding (3 h, 2 and 3 
days) under willow (field 2), rape (field 5) and grass mixture (field 6) 

Generally it can be stated that the value of redox potential, at the 3rd hour 
from irrigation, decreased with depth in all the objects studied. The decrease de-
pended more on the ground water table than on the wastewater applied.  

Wastewater introduced into the soil migrate down the soil profile at various rates 
depending on the profile structure and filtration coefficient, causing changes in the 
water-air relations i.e. the ratio of pores filled with water to pores filled with air. The 
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soil under study is characterized by varied air and water permeability, both between 
and within the fields depending on the depth. This feature of the soil is related to the 
dynamics of redox potential decrease and of reoxidation of the soil profile, observed 
with the migration of wastewaters and with improvement of the aeration conditions in 
the soil. Analysis of the oxygenation status of the field under willow at single irriga-
tion dose down to 30 cm showed a slow increase of the value of Eh from the 3rd hour 
to the 7th day from the irrigation, which may indicate improvement of the air-water 
relations and the beginnings of the process of reoxidation, observed already from the 
second day after irrigation application. The process could also be affected by the wa-
ter permeability of the soil whose index of filtration distinctly increases at the depth of 
20-40 cm (Final Report Ref. PBZ-31-03). But the process of reoxidation of the lower 
horizons of the soil (from 50 to 70 cm) took place with a certain delay, on the seventh 
day of wastewater effect, which was likely related with the process of wastewater mi-
gration down the soil profile. The process did not take place at the depth of 100 cm, 
i.e. below the ground water table. In plot (C) there was a notable effect of the double 
dose of wastewater on the redox status of the soil. There was a slowing-down of the 
process of reoxidation of the soil profile, and the effect was observable already from 
the depth of 30 cm. At the depths of 30-50 cm a pronounced decrease was observed 
in the value of Eh, by 243 and 182 mV, respectively, on the second day of the ex-
periment, with an increase appearing only on day seven. The slowing down of the 
process of soil reoxidation in plot C must have had also been affected by the notably 
lower filtration coefficient of about 45 cm·d-1 as compared to plot (B) where its value 
was approximately 140 cm·d-1 (Final Report Ref. PBZ-31-03). At the depths of 70 and 
100 cm the very low redox potential value at the moment of irrigation with wastewa-
ter decreased drastically after 2 and 7 days, to the values of –83 and –173 mV. 

Somewhat different dynamics of redox potential changes was observed in the 
fields under rape and grass mix. In both of those fields, in the initial stage of 
wastewater application, down to the depth of 50 cm a much lower Eh value was 
observed in the plots irrigated with wastewater as compared to the control, in 
extreme case even by 250 mV. In the lower soil horizon such a phenomenon was 
not observed. Perhaps that was due to lower level of ground water table, or its pe-
riod lowering. On the second day after flooding the soil with wastewater, for both 
the single and double dosage in most of the analysed soil horizons down to the 
depth of 50 cm the phenomenon was observed of fairly rapid increase in the redox 
potential value reversing to a decrease by the seventh day from flooding. The 
rapid decrease after flooding could be related to high microbial activity that is al-
ways accompanied by fast depletion of oxygen in the environment and a drop of 
Eh before the microorganisms can adapt to anaerobic conditions and the system 
involving the NO3

-/NO2
- pair of electrons (next in line after O2) can activate. This 
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phenomenon occurs most frequently when the soil gets flooded following thor-
ough drying. The engineering works performed on the experimental object in 
1996 caused considerable shifting and mixing of the soil material, which could 
result in the phenomenon described above. Thus, in the case of fields under rape 
and grass mix, in the profile down to the depth of 50 cm (except for field 6B at 50 
cm) no distinctly observable phenomenon of reoxidation, so important for proper 
development of the root systems of plants grown.  

Figure 28 presents average values of redox potential in the profile with rela-
tion to the plant grown, irrigation dosage applied, and time elapsed from irriga-
tion. The results obtained indicate that average Eh values in the whole soil profile 
in the control plots of all the plants grown were similar, and therefore, in this ca-
se, the plant itself had no significant effect on the value of Eh. The effect of plants 
on the redox potential of the soil under study became apparent only in combina-
tion with wastewater application and time from flooding.  
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Fig. 28. Average redox potential value as a function of soil depth and the wastewater dose (A - con-
trol, B – single dose, C – double dose), time after flooding (3 h, 2 and 3 days) under willow (field 
2), rape (field 5) and grass mixture (field 6) 

The results obtained showed that the soil under rape had the lowest capacity 
for reoxidation, while the highest was noted in the field under willow.  

The character of nitrogen transformations, and especially of its ammonium 
form, is strictly related to the status of soil oxygenation. In Section 10.3. we dis-
cussed the transformations of nitrates(V) with relation to the depth in the soil pro-
file, to the plant grown, and to the wastewater dosage applied. Analysis of the dy-
namics of those processes pointed generally towards a decreasing tendency of their 
concentration. Characterization of soil oxygenation status through the determination 
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of redox potential values provides the possibility of identification of the biochemi-
cal path that may be entered by nitrates(V). Down to the depth of 50 cm, the control 
plots under all the plants grown were characterized by relatively high redox poten-
tial, close to +400 mV or much above that value. Eh values above +400 mV are 
characteristic of aerated soils, where oxidation reactions predominate. It is to be 
supposed, therefore, that under those conditions nitrates entered the path of assimi-
lative reduction nitrogen was reduced by plants or microorganisms to the ammo-
nium form before being built into cells. The process involves participation of en-
zymes from the reductase group, called nitrate reductases. Redox potential decrease 
below 400 mV has been conventionally adopted as the limit of nitrate reduction on 
the path of dissimilative reduction where nitrates are the respiratory substrate under 
conditions of deficient oxygen content in soil environment. The process is called 
denitrification when the end products are N2O or N2 emitted to the environment. 
The process involves also activity of nitrate reductases, from the dissimilative path, 
that are inactive in the presence of oxygen.  

It is to be supposed, therefore, that below +400 mV the decrease in -NO3
- 

concentration was caused by the process of denitrification. Literature reports indi-
cate that the beginning of the process of denitrification in various soils occurs at 
different values of Eh, sometimes below +200 mV (Van Cleemput and Patrick, 
1974; Kralova et al., 1992; Włodarczyk, 2000). 

Under favourable conditions (min. low Eh value, available organic matter), 
nitrates(V) entered the path of dissimilative reduction, where the final product 
was the ammonium ion, periodically increasing its concentration in the soil pro-
file, especially in its lower horizons.  

11.5.3. Concentration of native nitrogen compounds versus redox potential in 
the soil prior to the experiment  

The collected redox potential data were used as a basis for statistical analysis 
of the relationship between the concentration of native nitrates(V) and the ammo-
nium form in the soil prior to the flooding of the soil with wastewater and the val-
ues of Eh in the period from spring till autumn (Fig. 29 and 30). The dependence 
of concentration of nitrates(V) on the redox potential is described by a positive 
logarithmic function, which means that the value of Eh increases in a curvilinear 
manner with the concentration of N-NO3

-. This relation is best described for the 
depth of 10 cm, where the coefficient of determination (R2) is 0.9 with correlation 
coefficient significant at the level of 0.001. The relation is accompanied by high 
concentration of nitrates(V) – above 100 gm-3 (Fig. 29).  
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Fig. 29. Average redox potential value versus N-NO3

–concentrations (g·m–3) in various profile 
depths (10, 30, 50, 70 and 100 cm) from spring to autumn 1996 period under consideration 

Good oxygenation conditions, evidenced by the high redox potential above +600 
mV, and high biological activity of the surface horizon of the soil profile were condu-
cive to the process of nitrification and accumulation of nitrates. The highest concen-
trations of N-NO3

- were observed at Eh values above +600 mV and a drop in the con-
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centration of N-NO3
- by half at Eh values below +600 mV. This appears to be the 

boundary value between nitrification optimum and conditions that cause the process 
of nitrification to slow down. High level of significance (P<0,001) with determination 
coefficient R2=0,79 is held at the depth of 30 cm, where maximum concentration of 
N-NO3

- dropped by a factor of 2.5 in comparison to the depth of 10 cm, accompanied 
by a decrease in the value of Eh below +100 mV. Deteriorating with depth aeration 
conditions and weaker nitrification resulted in a slow but steady decrease of redox 
potential. The concentration of nitrates(V) at the depth of 50 cm had no significant 
effect on redox potential, though the character of the curve remained similar to those 
for the depths discussed earlier. At the depth of 70 cm decrease of N-NO3

- concentra-
tion below 15 g·m-3 significantly affected the value of redox potential, and the deter-
mination coefficient R2 (0,74) was only slightly lower than at the depth of 30 cm. As 
follows from the curve of regression, in the case of the soil under analysis a drop of 
N-NO3

- concentration to about 5 g·m-3 meant reaching a critical concentration that 
caused a drop of the value of Eh below +200 mV. This observation is supported by 
the clear drop of redox potential below the value of +200 mV at the depth of 100 cm, 
where the concentration of N-NO3

- did not exceed 4 g·m-3. 
Figure 30 presents the concentration of ammonium ion in the function of redox 

potential in the whole soil profile in the period from spring till autumn. The results 
presented show that significant relations between the soil oxygenation status and the 
content of ammonium ion occur at depths of 30–70 cm. The relation is described by 
a negative logarithmic function, which means that the content of ammonium ion 
decreases in a curvilinear manner with increasing values of Eh.  

Intensive process of nitrification at low values of redox potential, in which 
ammonium ion is the substrate and NO3

- the product, causes a lowering of the re-
lation. The highest determination coefficient was noted for the depth of 50 cm 
(R2=0,86), and the lowest at the depth of 30 cm (R2 = 0,42). 

The data obtained shows that accumulation of N-NH4
+ above 3 gm-3 takes 

place at Eh value of about +200 mV, i.e. under conditions that are conducive to 
the growth of microorganisms active in the path of dissimilative reduction of ni-
trates(V). The lower content of ammonium ion and low Eh at the depth of 100 cm 
may result from the effect of dilution and permanent oxygen deficit in that part of 
the soil profile.  

Figure 31 presents the relation of the index of nitrogen mineralization, expressed 
in the ratio of nitrate(V) ion to ammonium ion, to the value of redox potential. The 
relation is described by a positive logarithmic function down to the depth of 70 cm. 
The highest determination coefficient R2 = 0,87 was noted for the depth of 70 cm. The 
broad range of values of the NO3

-/NH4
+ ratio, indicating intensive process of oxida-

tion of ammonium ion, correlated with higher values of Eh. 
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Fig. 30. Average redox potential value versus N-NH4

+concentrations (g m–3) in various profile 
depths (10, 30, 50, 70 and 100 cm) from spring to autumn 1996 period under consideration 
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Fig. 31. Average redox potential value versus ratios of N-NO3

– to N-NH4
+- concentrations (g m–3) in vari-

ous profile depths (10, 30, 50, 70 and 100 cm) from spring to autumn 1996 period under consideration 

11.5.4. Concentration of nitrates(V) versus redox potential in the soil irrigated 
with single and double dose of wastewater after 2nd stage of treatment  

Soil flooding may cause a gradual decrease of redox potential until a certain rela-
tively stable level is reached. The rate of the decrease and the minimum value of Eh 
depend on the intensity of processes of reduction, determined by temperature and the 
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amount of easily available organic substrate, and on the amount of bioreducible inor-
ganic compounds which are acceptors of electrons (nitrates, three- and four-valent 
manganese compounds, iron oxides). The presence of such compounds maintains 
redox potential on a certain constant level which e.g. in the case of nitrates is from 
+100 to +200 mV (Bailey, Beauchamp, 1971; Gliński, Stępniewski, 1985). 

In 1997, in parallel to analysis of concentration of nitrate(V) ions, data concerning 
the redox potential were collected and an attempt was made at determining the corre-
lation between the concentration of nitrates(V) introduced with the single and double 
doses of wastewater and the value of the redox potential. The relations obtained are 
presented on the example of average values of N-NO3

- concentration and values of Eh 
measured in the fields in the first year of the irrigations.  
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Fig. 32. Redox potential value after 3h, 2 and 7 days after flooding versus N-NO3

– concentration and 
wastewater dose (A - control, B – single dose, C – double dose) under willow (field 2) 

Analysis of regression of the relationship under study, performed for the control 
plots of fields 2, 5 and 6, in two cases (willow and rape) showed a lack of dependence 
between the content of native nitrates(V) and the value of Eh, and a slight correlation 
(P<0,05) in the case of the field under grass mix (Fig. 32, 33, 34).  
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Fig. 33. Redox potential value after 3h, 2 and 7 days after flooding versus N-NO3

– concentration and 
wastewater dose (A - control, B – single dose, C – double dose) under rape (field 5) 

An earlier analysis of the concentration of nitrates(V) in the fields after the engi-
neering works performed (that strongly affected, among other things, the filtration 
properties of the soil and modified its physical status) showed a considerable decrease 
in the concentration of N-NO3

- in comparison to the soil before the works were per-
formed. It seems that one of the reasons for the lack of correlation between nitrates(V) 
and the redox potential was the low concentration of the nitrates. Probably, under the 
conditions of the control plots, the value of Eh was more strongly affected by the soil 
moisture and by oxygen concentration in the soil profile, which is supported by the 
decreasing values of redox potential with depth in the profile.  

The introduction of wastewater drastically altered the air-water relations, and 
therefore also oxygen concentration, which resulted in a change of redox poten-
tial. Under anaerobic conditions, the dynamics of changes in the value of Eh de-
pends, among other things, on bioreducible oxidized inorganic compounds, pri-
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marily nitrates(V), which are electron acceptors alternative to oxygen. Therefore, 
it appears to be of interest to trace the relation between the content of nitrates(V), 
brought in with wastewater, and the value of Eh.  

The relationship is described by four mathematical functions: linear (y= a + 
bx), logarithmic (y= alnx + b), power (y = axb), and exponential (y = ea+bx). In all 
the cases analysed the functions are positive, which means higher concentration 
of N-NO3

- is accompanied by a higher value of Eh. The highest correlation was 
observed in the fields under willow and rape (Fig. 32, 33), where the determina-
tion coefficient R2 in many cases reached values above 0.1 (P < 0,001), and the 
lowest under the grass mix (Fig. 34).  
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Fig. 34. Redox potential value after 3h, 2 and 7 days after flooding versus N-NO3

– concentration 
and wastewater dose (A - control, B – single dose, C – double dose) under grass mixture (field 6) 

A decidedly higher coefficient of determination was observed in fields irrigated 
with the double dose of wastewater, in the amount of 1200 mm. Analysis of the 
diagrams presented shows that up to two days from wastewater application in all 
the cases analysed the value of Eh held at the level of +200 mV within the range of 
N-NO3

- concentrations of 10–20 g·m-3. With high soil moisture, that concentration 
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could protect the soil against the process of reduction. In the case of soil flooding 
with wastewater in amounts from 400 to 1800 mm, there occurred a restriction of 
oxygen influx, first of all in the surface horizons. In that situation the presence of 
nitrates affected the value of Eh proportionally to their concentration.  

 
Plot 5 A (3h) y = -4,209x + 498,87

R2 = 0,7688

0

100

200

300

400

500

0 50 100 150

Depth (cm)

Eh
, m

V

Plot 5 B (3h) y = -102,24Ln(x) + 588,47
R2 = 0,8646

0
50

100
150
200
250
300
350
400

0 50 100 150

Depth (cm)

Eh
, m

V

Plot 5 C (3h) y = -90,925Ln(x) + 574,47
R2 = 0,9957

0
50

100
150
200
250
300
350
400

0 50 100 150

Depth (cm)

Eh
, m

V

Plot 5 B (2d) y = -5,9545x + 507,43
R2 = 0,9631

-200

-100

0

100

200

300

400

500

0 50 100 150

Depth (cm)

Eh
, m

V

Plot 5 C (2d) y = -5,8996x + 521,28
R2 = 0,8475

-200

-100

0

100

200

300

400

500

0 50 100 150

Depth (cm)

Eh
, m

V

Plot 5 B (7d) y = -6,2721x + 445,95
R2 = 0,947

-200

-100

0

100

200

300

400

500

0 50 100 150

Depth (cm)

Eh
, m

V

Plot 5 C (7d) y = -5,107x + 329,76
R2 = 0,8808

-300

-200

-100

0

100

200

300

400

0 50 100 150

Depth (cm)

Eh
, m

V

 
Fig. 35. Redox potential value after 3h, 2 and 7 days after flooding versus depth of profile and 
wastewater dose (A - control, B – single dose, C – double dose) under willow (field 2) 

Włodarczyk (2000) found that with a decrease in the content of nitrates within 
the range from about 100 to approximately 10 mg N-NO3

-·kg-1, redox potential 
value decreased from 250 to 190 mV. For mineral soils, the limit value which is 
accompanied by a clear decrease in Eh value is the level of approximately 100 mg 
N-NO3

-·kg-1. The highest diurnal reduction of nitrates occurred at Eh values 
within the narrow range between 200 and 210 mV.  
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In the data presented in Section 10.5, the effect of depth on the value of Eh 
could be observed. Statistical analysis of Eh values in the function of depth 
showed their close correlation.  
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Fig. 36. Redox potential value after 3h, 2 and 7 days after flooding versus depth of profile and 
wastewater dose (A - control, B – single dose, C – double dose) under rape (field 5) 

Figures 35, 36, 37 present the dependence of redox potential on depth for wil-
low, rape, and grass mixture, respectively. The dependence is described by three 
mathematical function: linear (y = a + bx), the most common, logarithmic (y = 
alnx + b), and exponential (y = ea + bx). In all four cases under analysis the func-
tions are negative, which means that redox potential decreases with depth. In 
eleven cases out of 21 analysed, the coefficient of determination R2 is close to 0.9 
or even higher, which, with five replications, gives significance at the level of 
0.001. The remaining relations are significant at the level of 0.01, except for field 
6 C on the second day from irrigation (P > 0,05). 
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Fig. 37. Redox potential value after 3h, 2 and 7 days after flooding versus depth of profile and 
wastewater dose (A - control, B – single dose, C – double dose) under grass mixture (field 6) 

11.5.5. Statistical analysis of redox potential values in the fields under willow and 
grass mix based on data from 1997-2000  

The analysis of variance of changes in redox potential with relation to such 
factors as type of plant, wastewater dosage, depth in the soil profile, flooding du-
ration, season of the year, and time measured in years of experiment, performed 
with the use of large datasets (frequently exceeding n = 500), provided the basis 
for the determination of redox characteristics of an organic soil subjected to peri-
odic flooding and drying for a period of 4 years.  

Figures 38 a, b, c and 39 a, b, c present the analysis of variance of Eh values 
in the function of the factors mentioned above, based on data from the period of 
1997-2000.  
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Fig. 38. Average redox potential value as a function of kind of plant (a) the wastewater dose (b) and 
soil depth (c). Bars indicate 95% coincidence intervals 

Figure 38a presents the relation of redox potential to the plant grown. Statisti-
cal analysis did not reveal any significant effect of the type of plant on the redox 
potential, though somewhat lower Eh values were observed in the field under the 
grass mix. This phenomenon may be connected with higher microbial activity of 
the rhizosphere of grasses, faster transformation of organic matter that is the 
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source of electrons transmitted in redox processes (Gliński and Stępniewski, 1985; 
Brzezińska, 1998; Januszek, 1999). 

Figure 38b illustrates the effect of wastewater dosage on the value of Eh. 
Analysis of variance showed a significant negative effect of wastewater dosage on 
the redox potential, expressed as a decrease of Eh values. This phenomenon was 
particularly disturbing in the case of the double dose of wastewater, when the re-
dox potential dropped below +200 mV, i.e. to the level marking the beginning of 
conditions for dissimilative reduction of nitrates(V) with the emission of N2O. 
The data conform earlier conclusions that the application of the double dose of 
wastewater intensifies the process of soil reduction, negatively affecting its bio-
logical activity and crop yields.  

Figure 38c presents the value of Eh in the function of depth. The data ob-
tained indicate that in the soil profile, at depths from 10 cm to 100 cm, biochemi-
cal processes can take place, performed by microorganisms with varied oxygen 
requirements – from aerobes, through facultative anaerobes, to anaerobes. The 
best oxidized part of the soil profile, where the value of Eh held above +350mV, 
was the soil layer down to 30 cm. From the depth of 50 cm, redox potential de-
creased significantly, creating good conditions for the growth of denitrifiers, and 
at the depth of 100 cm reached negative values, conducive to methanogenesis and 
the production of sulphides.  

Figure 39a presents changes in the redox potential in the function of time 
since flooding. The data illustrate the process of soil reduction and reoxidation 
initially caused by flooding and then by the drainage of wastewaters from the soil 
profile and reoxidation of the soil. The process is extremely important from the 
viewpoint of plant growth and crop yielding, as prolonged oxygen stress has a 
negative effect on the uptake of macro components and on plant crop yields. 
Stępniewski and Przywara (1992) found that the uptake of N, P, K, Ca, Mg and 
Na by winter rye drops under the conditions of reduced oxygen content in the soil.  

The lowest decrease of redox potential was observed after the first day since the 
moment of soil flooding with wastewater, when high soil moisture held within the 
whole profile. As the wastewater migrated down the profile and the upper soil hori-
zons dried, the value of Eh increased to reach, on the second day, a value lower 
from the initial level by only 10 mV. On successive days of soil reoxidation, the 
value of redox potential increased, with certain drops on days 3 and 6. On day 7, the 
redox potential reached the value of about +260 mV, i.e. higher by 20 mV than that 
at 3 hours from the moment of flooding. Considering that that value includes the 
average for the whole profile, one can assume that the soil oxygenation conditions 
have been considerably improved, especially in the surface horizon.  
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Fig. 39. Average redox potential value as a function of time after flooding (a) season of year (b) and 
year of experiment (c). Bars indicate 95% coincidence intervals 

Figure 39b illustrates the distribution of Eh values with relation to the season 
of the year, that is primarily to climatic factors. In the period under analysis, 
a significant effect of the season of the year was observed on the intensification of 
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the redox processes. The highest value of Eh was observed in spring (~+240 mV), 
and the lowest in autumn (below +170 mV). The high value of redox potential in 
spring corresponds to high concentration of N-NO3

- (Fig. 40 a) which, as it is 
known, through their biological reduction counteract the reduction of the values 
of Eh. Perhaps a significant factor in this case is, among other things, the effect of 
temperature on the course of microbiological processes.  

Figure 39c presents the values of Eh in the particular years of the experiment. 
Analysis of variance revealed significant differences in Eh values between the 
particular years. The year 2000 has been additionally included to identify the 
trends in the processes of oxygenation and reduction taking place in the experi-
mental object. The results presented indicate that from the year 1998 a distinct 
decrease is observed in the redox potential, which could indicate that the soil was 
losing its buffering properties, probably due to the alternating cycles of flooding 
and drying and to a decrease in its microbial activity. Lower values of Eh were 
also accompanied by a lower concentration of N-NO3

-  
 

  

Fig. 40. Average N-NO3
– (g m–3) concentration in soil solution as dependent on season of the year 

(a), and years of experiment (b). Bars indicate 95% coincidence intervals 

(Fig. 40b), which did not protect the soil from the drop in the redox poten-
tial. This hypothesis is also supported by the decrease in the concentration of 
nitrates(V) in the drainage waters (Fig. 41), which may suggest intensification 
of the process of denitrification of N-NO3

- in the object studied. 
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Fig. 41. Average N-NO3

– (g m–3) concentration in drainage wastewater as dependent on years of 
experiment. Bars indicate 95% coincidence intervals 

12. CONCLUSIONS 

The study conducted in the period of 1997-1999 in the „Hajdów” experimen-
tal object with organic soil and various plants cover on changes in the redox po-
tential and on the content of various forms of nitrogen permitted the formulation 
of the following conclusions:  
1. Decrease in the concentration of N-NH4

+ in the soil profile indicates that, with 
respect to their suitability in the process of wastewater purification, the plants 
grown in the experiment can be arranged in the following decreasing order: 
grass mix, willow, and rape; in the case of concentration of the N-NO3

- ion, 
the corresponding series would be as follows: grass mix, rape, and willow.  

2. Considerably higher concentration of N-NO3
- and lower concentration of N-

NH4
+ in spring were demonstrated, which may suggest intensification of the 

3.  process of nitrification. For this reason, wastewater doses should be reduced 
in spring to prevent the process of nitrates(V) migration to the ground waters.  

4. In a great majority of cases discussed, the concentration of N-NO3
- in drainage 

waters did not exceed 15 g N·m-3, which meets the requirements imposed by 
the European Union.  

5. Significant relationships have been shown between the redox potential and 
nitrogen transformations taking place in a soil irrigated with wastewater after 
2nd stage of treatment.  

6. The best aeration conditions were found down to the depth of 30 cm, where 
Eh values held above +350 mV, with the possibility of nitrifiers development; 
below the depth of 50 cm redox potential decreased to a value permitting the 
development of denitrifiers; at the depth of 100 cm redox potential reached 
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negative values, characteristic for methanogenesis and for the formation of 
sulphides.  

7. A significant negative effect of wastewater dosage on redox potential was ob-
served, especially in the case of the double dose, causing the reduction of re-
dox potential value below the level of +200 mV, corresponding to dissimila-
tive reduction of nitrates(V) to the forms of N2O and N2.  

8. From the second year of irrigations, a distinct lowering of the redox potential 
was observed, which could indicate that the soil was loosing its buffering 
properties, probably due to the alternating cycles of flooding and drying and 
to the decrease in microbial activity. Lowering of the concentration of ni-
trates(V) in the drainage waters may suggest intensification of the process of 
denitrification of N-NO3

- in the object studied. 
9. Wastewater application in the single dose may provide a valuable source of 

nitrogen in the cultivation of plants for industrial purposes.  
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